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In response to the environmental damage caused by urbanization, Nature-based
Solutions (NbS) are being implemented to enhance biodiversity and ecosystem
processes with mutual benefits for society and nature. Although the field of NbS is
flourishing, experiments in different geographic locations and environmental contexts
have produced variable results, with knowledge particularly lacking for the subtidal
zone. This study tested the effects of physical complexity on colonizing communities
in subtidal habitats in two urban locations: (1) Plymouth, United Kingdom (northeast
Atlantic) and (2) Tel Aviv, Israel (eastern Mediterranean) for 15- and 12-months,
respectively. At each location, physical complexity was manipulated using experimental
tiles that were either flat or had 2.5 or 5.0 cm ridges. In Plymouth, biological complexity
was also manipulated through seeding tiles with habitat-forming mussels. The effects
of the manipulations on taxon and functional richness, and community composition
were assessed at both locations, and in Plymouth the survival and size of seeded
mussels and abundance and size of recruited mussels were also assessed. Effects
of physical complexity differed between locations. Physical complexity did not influence
richness or community composition in Plymouth, while in Tel Aviv, there were effects
of complexity on community composition. In Plymouth, effects of biological complexity
were found with mussel seeding reducing taxon richness, supporting larger recruited
mussels, and influencing community composition. Our results suggest that outcomes
of NbS experiments are context-dependent and highlight the risk of extrapolating the
findings outside of the context in which they were tested.
Keywords: urbanization, ocean sprawl, biodiversity, seeding, mussels, artificial structures, eco-engineering,
ecological engineering
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species diversity (Kostylev et al., 2005; Kovalenko et al., 2012).
Complex habitats provide more surface area and a greater
diversity of microhabitats (Preston, 1960; Kostylev et al., 2005;
but see Loke et al., 2019, who found effects of complexity
can be area-independent), both of which can moderate the
effects of negative biotic interactions (i.e., competition and
predation; Whittaker et al., 1973; Gregor and Anderson, 2016)
and abiotic stressors (Connell, 1972; Coombes et al., 2013;
Scheffers et al., 2014) underpinning species coexistence (Connell
and Slatyer, 1977; Huston and DeAngelis, 1994). The ultimate
goal of IGGI is to promote biodiversity and species coexistence
which has knock-on benefits for ecosystem functioning (e.g.,
biofiltration by bivalves; Wilkinson et al., 1996; Vozzo et al.,
2021), in turn providing ecosystem services such as regulating
(e.g., water purification, Hawkins et al., 2020), supporting (e.g.,
primary production, Heery et al., 2020) and cultural (Hall et al.,
2019) services.
Habitat creation has been used for centuries in subtidal
habitats through installation of nearshore and offshore artificial
reefs (Baine, 2001; Lima et al., 2019). Artificial reefs add hard
substrate, usually of varying substrate complexities, to benthic
habitats (typically soft-bottom habitats) for the purposes of
enhancing biological communities (Bohnsack and Sutherland,
1985; Baine, 2001; Claisse et al., 2014), which have positive knockon effects such as water quality improvement (Antsulevich,
1994; Falcão et al., 2009) and provision of recreational activities
boosting local tourism (Milon, 1989; Stolk et al., 2007; Herbert
et al., 2017). Extensive research has been done on the effectiveness
of artificial reef designs to produce biomass and enhance fisheries
(Bohnsack and Sutherland, 1985; Claisse et al., 2014; Smith
et al., 2016). Research and development of habitat creation in
coastal environments, however, is decades behind artificial reef
research, but has flourished in recent years (for a review see
Strain et al., 2017a). IGGI interventions in coastal environments
have ranged from the addition of microtexture (Coombes et al.,
2015), crevices and grooves (Martins et al., 2010; Borsje et al.,
2011) and artificial rock pools (Evans et al., 2016; Firth et al.,
2016b) to existing coastal structures, to the use of precast habitat
enhancement units and panels (Browne and Chapman, 2014;
Perkol-Finkel et al., 2018; Evans et al., 2021; Strain et al., 2021), all
yielding promising biodiversity outcomes. Furthermore, habitatforming species such as mussels and oysters (Vozzo et al.,
2021), corals (Ng et al., 2015) and canopy-forming algae (Falace
et al., 2006; Perkol-Finkel et al., 2012), can be seeded onto
artificial structures to encourage settlement of conspecifics and
increase biodiversity. Still, the majority of IGGI trials have
been small-scale, focused on either offshore artificial reefs or
coastal intertidal habitats, confined to mostly temperate and
occasionally subtropical climates (Strain et al., 2017a), and with
few comparisons made among geographic or environmental
contexts (but see Hsiung et al., 2020; Strain et al., 2021; Clifton
et al., in review). Despite the likely context-dependency of
interventions, government agencies and planning authorities are
increasingly recommending and implementing integrated green–
gray infrastructure strategies as mitigation and compensation
for environmental damage caused by new developments (e.g.,
‘Biodiversity Net Gain’; Dafforn et al., 2015b; Naylor et al., 2017;

INTRODUCTION
Urbanization and adaptation to climate change are driving
irreversible alteration and artificialization of the global coastline
(Firth et al., 2016a; Bugnot et al., 2020; Airoldi et al., 2021).
The creation of hard artificial structures to support human
activities such as shipping and transport, energy extraction and
commercial development, as well as to protect valuable human
infrastructure from rising seas, has resulted in the modification
and loss of natural habitats and associated biodiversity (Halpern
et al., 2008; Heery et al., 2017). This is attributed to the footprint
of hard artificial structures (e.g., breakwaters, seawalls) which
physically replace natural habitat (‘placement loss’; Dugan et al.,
2011; Heery et al., 2017). Additionally, in comparison to the
natural habitats that they replace, many artificial structures, such
as seawalls, have steeper profiles and reduced physical complexity
and surface areas, which typically support less diverse biological
communities that are often dominated by invasive species (Knott
et al., 2004; Moschella et al., 2005; Glasby et al., 2007; Chapman
and Underwood, 2011).
In response to global degradation of natural habitats and
to support the objectives of the 2030 Agenda for Sustainable
Development, The United Nations General Assembly declared
2021–2030 to be the United Nations Decade on Ecosystem
Restoration, with the goal to “prevent, halt and reverse the
degradation of ecosystems worldwide” (United Nations (UN),
2020). The UN has proposed a wide range of practices,
with a particular focus on restoring degraded ecosystems by
conserving biodiversity and enhancing ecosystem services. In
the context of urban coastal ecosystems, this includes moving
beyond traditional hard engineering approaches by working with
nature wherever possible (e.g., Hashim et al., 2010; Temmerman
et al., 2013; Morris et al., 2019). In heavily urbanized marine
settings where space is limited or working with nature is not
practical and where hard artificial structures are traditionally
used, more sensitive, multi-functional designs that minimize
ecological impacts and make space for nature in the built
environment should be implemented (Dafforn et al., 2015a;
Evans et al., 2017, 2019).
‘Nature-based Solutions’ (NbS) can provide ecologically
sustainable options for protecting, restoring and managing
natural and modified coastal ecosystems to conserve biodiversity
and simultaneously promote human well-being (Eggermont
et al., 2015; Raymond et al., 2017; IUCN, 2020). The NbS concept
has developed over time as a term to describe many ecologically
focused practices such as ecological engineering, restoration
and reconciliation (Dick et al., 2019). It ranges from removing
built infrastructure to allow for nature to recolonize habitats
(‘managed realignment’; French, 2006; Masselink et al., 2017),
to enhancing natural features such as sand dunes and oyster
reefs (Hanley et al., 2014; Chowdhury et al., 2019) and using
integrated green–gray infrastructure (‘IGGI’; Naylor et al., 2017)
which incorporates biodiversity and habitat features into both
new and existing engineered structures (Firth et al., 2014; Strain
et al., 2017a; Morris et al., 2018).
The practice of IGGI can include the provision of habitat
complexity (physical or biological), which is a key driver of
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Evans et al., 2019). Expanding greening of gray infrastructure
techniques to different locations and environmental conditions
will improve the evidence base, thus reducing any potential risks
of the practice (see Firth et al., 2020a).
Here we analyzed the effects of subtidal habitat complexity
on biological colonization of urban artificial structures across
two geographic locations: Plymouth, United Kingdom and Tel
Aviv, Israel. The overarching aim was to test the effects of
physical complexity (using complex tiles with ridges vs. flat tiles
with no ridges) on the richness and community composition
of colonizing species. Additionally, in Plymouth, we examined
how the effect of physical complexity interacts with the effects
of biological complexity (manipulated by mussel seeding). We
hypothesized that:

(Azov, 1991). All study sites were located within in sheltered
marina conditions.

Experimental Design
Physical complexity (hereafter ‘complexity’) was manipulated
using 0.25 m × 0.25 m experimental tiles that were either: (1)
flat (without ridges); (2) had 2.5 cm high ridges with associated
crevices (hereafter ‘2.5 cm tiles’); or (3) had 5.0 cm high ridges
(hereafter ‘5.0 cm tiles’). All tiles had a similar microtexture
of <1 mm grooves (for full description of tiles, see Strain et al.,
2017b; Supplementary Figure 2).
In Plymouth, ten tiles of each of the three different complexity
treatments were deployed at each of the two sites, with five of the
ten tiles from each treatment seeded with mussels (Mytilus spp.)
(hereafter ‘seeding’). Mussels (potentially a combination of both
Mytilus edulis, M. galloprovincialis and hybrids of the two) were
used for seeding because they are common habitat-formers on
rocky intertidal and shallow subtidal habitats of Plymouth Sound
(Hilbish et al., 2002). Tiles assigned to the seeding treatment
received 30 mussels (shell length (SL): 32.6 ± 0.1 mm; shell width
(SW): 14.4 ± 0.1 mm; mean ± SE), that covered 30–35% of
the tile. Mussels were arranged in clusters of three individuals
and affixed to tiles using Gorilla superglue (Cincinnati, OH,
United States). On complex tiles, mussels were distributed equally
between crevices and ridges. Mussels were collected from rocky
lower intertidal habitat in Whitsand Bay (located <10 km west
of experimental sites). Tiles were attached to 3.6-m long plastic
boards and hung from the south-facing sides of floating pontoons
(to maximize light) 1.5 m below the water’s surface facing out
from the pontoon (Supplementary Figure 3a). All tiles were
attached to boards in the same orientation (ridges running
vertically), arranged randomly with respect to treatment, and
with 0.4 m spacing between adjacent tiles. Tiles were deployed at
both sites in April 2017 and were left in place for 15 months (see
Table 1 for experimental design details). Every 3 months during
the experiments, water temperature was measured at both sites
using a YSI 30 handheld salinity, conductivity and temperature
meter (YSI Incorporated, OH, United States).
In Tel Aviv, five tiles of each of the three complexity
treatments were deployed, with each tile unseeded. Tiles were
deployed randomly with respect to treatment on a polypropylene
board with 0.1 m spacing between tiles. The board was hung
approximately 1 m below the water surface at a marina seawall
facing northeast (Supplementary Figure 3b). Since the mean
tidal amplitude in this region is ca. 0.3 m (Einav et al., 1995), the
tiles remained fixed at approximately 1 m below the water surface
at all times. Experiments in Tel Aviv commenced in August 2016
and were left in place for 12 months (see Table 1 for experimental
design details). Every 3 months during the experiment, water
temperature was measured using a Sera, D 52518 temperature
probe (Sera, Heinsberg, Germany).

(1) Effectiveness of the manipulations would vary between
locations;
(2) taxon richness would be higher in treatments with greater
physical and/or biological complexity than those without;
(3) community composition would vary with complexity;
(4) and mussel seeding would be more effective in the presence
than the absence of physical complexity due to enhanced
mussel survival and recruitment (Plymouth only).

R

Due to the differences in experimental design and
environmental conditions between Plymouth and Tel Aviv,
formal analyses between the locations were not performed.
Differences in experimental design were a result of logistical
and contextual site-related constraints, mainly permissions from
relevant authorities and space available for experiments, such
that the designs had to be sensitive to the main users of the
structures. Despite differences in the experiments across the two
locations, experiments still had a level of similarity that allowed
for the discussion of patterns in the results.

MATERIALS AND METHODS
Study Sites
Experiments were undertaken in two recreational marinas
in Plymouth, United Kingdom (50.364558, –4.172333;
50.359619, –4.120661), which were located approximately
3 km apart, and one marina in Tel Aviv, Israel (32.162333,
34.794083) (Supplementary Figure 1). Plymouth is located
in the western English Channel where a large and natural,
but heavily urbanized harbor protects predominantly rocky
habitats in the outer harbor and sedimentary habitats in the
inner estuaries. Despite its long history of anthropogenic
alteration, Plymouth Sound supports high marine biodiversity
including a number of rare or important habitats and species
(Knights et al., 2016). Tel Aviv is located along the most
densely populated area on the Israeli Mediterranean coast.
The coastline is characterized by a network of marinas
and shore-parallel offshore breakwaters located along a
predominantly sandy coastline. Arid climate conditions
coupled with Tel Aviv’s geographic position in the eastern
Mediterranean Sea result in generally low species diversity
compared to other parts of the Mediterranean coastline
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In Plymouth, after 15 months (July 2018), all tiles were retrieved,
placed in mesh bags (<5 mm holes) to retain all organisms
and transported back to the laboratory in cool boxes filled with
ambient seawater. Organisms were kept alive until processing
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positively identified in the field. Species were identified to
the lowest possible taxonomic level. Tiles were subsampled as
described above for the Plymouth experiment.

TABLE 1 | Comparison of experimental set-up, sampling methods, and response
variables measured in experiments testing effects of physical and biological
complexity (mussel seeding) in subtidal habitats in marinas in Plymouth,
United Kingdom (NE Atlantic) and Tel Aviv, Israel (eastern Mediterranean).
Plymouth

Tel Aviv

Statistical Analyses

Similarity

Due to differences in experimental protocols (see Table 1
for comparison), results between the two locations were not
formally statistically compared. Rather, where possible, the
results were described in relation to differences in the overall
direction of the patterns between locations. Additionally, because
experiments in Plymouth incorporated an additional treatment
(biological complexity) and were conducted at two sites,
statistical analyses were more extensive compared to those done
for the experiment in Tel Aviv.
In Plymouth, hypotheses concerning the number and size of
seeded (surviving) mussels were tested by running permutational
multivariate analysis of variance tests (PERMANOVAs) using
square root and fourth root transformed data for number and
size of seeded mussels, respectively, after Bray-Curtis similarity
matrices were computed. PERMANOVAs included the factors:
complexity (fixed; flat, 2.5 cm, 5.0 cm) and site (random; Site 1,
2) and the interaction between these terms.
In Plymouth, taxon and functional richness were quantified
using number of taxa and functional groups, respectively.
Animals were grouped into functional groups based on
their feeding strategies, while algae were grouped following
Steneck and Dethier (1994), who grouped marine algae
based on morphology and anatomy. Community composition
was analyzed using percentage cover of sessile taxa and
counts of mobile taxa. All analyses used data collected at
the end of the experiment (15 months). Seeded but not
recruited mussels were excluded from richness and community
composition analyses. To test hypotheses concerning differences
in taxon and functional richness and community composition
among complexity and seeding in Plymouth, we employed
PERMANOVAs using untransformed presence/absence data
(richness) on Bray–Curtis similarity matrices, while community
composition was analyzed using fourth root transformed
abundance data to reduce the influence of very abundant
species (Anderson et al., 2008) after Bray–Curtis similarity
matrices were computed. Three-way PERMANOVAs were
used with factors: complexity (fixed; flat, 2.5 cm, 5.0 cm),
seeding (fixed; seeded, unseeded) and site (random; Site
1, 2) and the interaction between these terms. We also
investigated the effects of complexity, seeding and site (as
above) on the number and size of recruited mussels using
PERMANOVAs on log transformed data after Bray–Curtis
similarity matrices were computed.
In Tel Aviv, taxon diversity was quantified using taxon
richness and community composition data collected at the end
of the experiment (12 months) using both in situ counts
and photographs. Functional richness was not assessed
because there were only two functional groups present
on tiles. Differences in taxon richness and community
composition among tile treatments were examined using
one-way PERMANOVAs with factor complexity (fixed; flat,
2.5 cm, 5.0 cm) after Bray–Curtis similarity matrices were

Experimental
set-up
Number of sites
Tile attachment

Tile spacing

2

1

Affixed to plastic
Affixed to polypropylene
boards, hanging from boards, hanging on the
floating pontoons
seawall
40 cm apart

10 cm apart

N
N

N

Tile position

1.5 m below water
1.0 m below water
surface, facing south surface, facing northeast

N

Tile complexity

Flat (no crevices and
ridges), 2.5 cm and
5.0 cm

Y

Species seeded

Flat (no crevices and
ridges), 2.5 cm and
5.0 cm

Mytilus spp.

No seeding

N

15 mos.: April
2017–July 2018

12 mos.: August
2016–August 2017

N

Area sampled on
tiles

One crevice and one
ridge per tile

Entire tile

N

Taxonomic
identification

In laboratory by hand In situ and supplemented
by photographs analyzed
in laboratory

Experimental
timeframe
Sampling method

N

Response
variables
Taxon richness
Functional richness
Community
composition
Seeded mussels
Recruited mussels

Yes

Yes

Y

Yes, 8 functional
groups present

No, only 2 functional
groups present

N

Yes

Yes

Y

Yes, survival and size

No

N

Yes, count and size

No

N

(<96 h) by storing tiles in flow-through seawater tanks at ambient
conditions, and conditions of the organisms were monitored
regularly. Tiles were processed by removing all organisms from
one crevice and one ridge on each complex tile, or equivalent
areas from flat tiles. The same crevice and ridge were sampled
across all tiles. When standardized by area, such subsampling
provides estimates of abundance and richness that do not
significantly differ from sampling the full tile (Strain et al., 2020).
Counts of mobile organisms and percentage cover of sessile
organisms were recorded. All organisms were identified to the
lowest taxonomic resolution possible, and non-native organisms
identified to species level. All seeded and recruited mussels were
removed, their position on the tile (i.e., crevice, ridge) was
recorded and each individual was measured [shell height and
shell width (mm)].
In Tel Aviv, after 12 months (August 2017), tiles were
censused in the field following the methods of Perkol-Finkel et al.
(2008), which included visual identification and enumeration
of mobile organisms and photographing tiles in situ for
analysis of percentage cover of sessile organisms using CoralNet
software (Beijbom, 2015) in the laboratory. Samples were taken
for laboratory identification only when species could not be
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Table 3a). Mean functional richness did not differ among
tile complexity nor seeding treatments (Table 3 and
Supplementary Table 3b).
Community composition did not differ among complexity
treatments but was significantly different between seeded and
unseeded tiles (F1 ,46 = 2.1544, P = 0.0033; Table 3, Figure 1, and
Supplementary Table 4). An analysis of the contribution from
individual taxa (SIMPER) showed that approximately 25% of the
dissimilarity observed between seeded and unseeded tiles was due
to contributions from 7 taxa, all of which were filter feeders. The
top contributing taxon was Ascidiella aspersa (4.3%), followed
by Styela clava (3.8%), Corella eumyota (3.7%), Cryptosula
pallasiana (3.5%), Aplidium cf. glabrum (3.5%), Mytilus spp.
(3.4%), and Bugulina fulva (3.2%), with A. aspersa, C. eumyota,
and Mytilus spp. each more abundant on seeded tiles, and
S. clava, C. pallasiana, and B. fulva each more abundant on
unseeded tiles and A. c.f. glabrum in equal abundance. For
SIMPER analyses, a good indication that a species consistently
contributes to differences between treatments is that the ratio
of the average contribution divided by the standard deviation
across all pairs of samples (Diss/SD) is >1 (Terlizzi et al., 2005;
Clarke and Gorley, 2015). Here we found that, of the taxa that
cumulatively contributed to 50% of dissimilarity, all taxa except
Bugula neritina, Botrylloides violaceus, Conopeum reticulum,
and Ciona intestinalis consistently contributed to differences
at Diss/SD > 1, with the most consistent contributor being
Spirobranchus sp. (with the taxon more abundant on unseeded
tiles) (Supplementary Table 5).

computed. Taxon richness data were left untransformed,
while community composition data were square root
transformed to reduce the influence of very abundant species
(Anderson et al., 2008).
All statistical tests were run in PRIMER v6 with the
PERMANOVA + add-on (PRIMER-E Ltd, Plymouth,
United Kingdom; Anderson et al., 2008) using the PERMANOVA
routine. All transformations were chosen with the aid of the
Shade Plot function in PRIMER. For both Plymouth and Tel
Aviv, PERMANOVAs were based on 9999 permutations of
residuals under a reduced model. Where there were not enough
possible permutations to perform a reasonable test (<100
unique permutations), Monte Carlo tests were used to determine
significance (Anderson et al., 2008). Post hoc pairwise tests
investigated sources of significant treatment effects (at P ≤ 0.05).
All multivariate data were visualized using non-metric multidimensional scaling (nMDS) plots. Where significant differences
in community composition were detected among treatments,
percentage contributions of individual taxa to dissimilarities
between treatments were analyzed using the similarity percentage
(SIMPER) routine (Clarke and Gorley, 2015).

RESULTS
Plymouth: General Overview
Overall, 77 taxa were recorded on tiles, 16 (21%) of which
were non-native (Table 2). Fourteen macroalgal taxa, 12 mobile
and 51 sessile animals were recorded. The complex (2.5 cm
and 5.0 cm) tiles supported similar numbers of taxa (58 and
56, respectively), while flat tiles supported slightly more species
(66). Seeded and unseeded tiles supported similar numbers
of taxa (65 and 66, respectively). Eight functional groups
were present: filter feeders, omnivores, detritivores/scavengers,
predators, corticated foliose algae, filamentous algae, leathery
macrophytes and corticated macrophytes, with filter feeders the
most numerically dominant group (53 taxa). Flat and 5.0 cm
complex tiles supported all functional groups. One seeded 5.0 cm
tile at Site 1 and one unseeded 5.0 cm tile at Site 2 were lost during
the experiment. Water temperature ranged from 5.1 to 24.0◦ C
throughout the experiments, which fell within normal conditions
for Plymouth Sound.

Plymouth: Recruited Mussels
At the end of the 15-month experiment, 2,702 newly recruited
mussels were present on tiles (Supplementary Table 6). The
number of recruited mussels did not differ among tile complexity
nor seeding treatments (Supplementary Table 7a). A significant
three-way interaction (Site × Complexity × Seeding)
yielded complex results for mean size of recruited mussels
(Supplementary Table 7b), with mean shell lengths significantly
higher on seeded compared to unseeded treatments (in four of
six comparisons; Figure 2 and Supplementary Table 8), but no
clear pattern evident for comparisons among tile complexity
treatments. More mussels recruited to Site 1 than Site 2, with
larger mussels found on tiles at Site 1 compared to Site 2.

Plymouth: Seeded Mussels

Tel Aviv: General Overview

A total of 288 (32%) seeded mussels survived the 15-month
experiment, with survival generally greater in crevices (43%)
compared to ridges (18%) (Supplementary Table 1). The number
and size of surviving mussels did not vary with tile complexity,
but size did vary by site (Supplementary Table 2), with Site 2
supporting larger mussels than Site 1.

At the end of the 12-month experiment, 11 taxa were recorded
on experimental tiles, with only one non-native species recorded
(the fingerprint oyster, Alectryonella plicatula), which was found
on complex tiles only (Supplementary Table 9). 5.0 cm tiles
supported 10 of the taxa while 2.5 cm and flat tiles each supported
9. Of these taxa, two were macroalgae and 9 were sessile animals,
with no mobile animals recorded (which might be attributed
to tiles being sampled in situ). Only two functional groups
were recorded at the end of the experiment (filter feeder and
primary producer). Water temperature ranged from 15.7 to
30.4◦ C throughout the experiment, which fell within normal
ranges for the eastern Mediterranean Sea.

Plymouth: Richness and Community
Composition
Mean taxon richness was unaffected by tile complexity but
was significantly greater on unseeded compared to seeded
tiles (F 1 ,46 = 58.186, P = 0.0454; Table 3 and Supplementary
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TABLE 2 | Summary table for taxa recorded on subtidal tiles in Plymouth, United Kingdom at the end of 14-month experiments (April 2017–July 2018) testing effects of
physical (tile) and biological (mussel) complexity at two sites.
Tile complexity treatment
Flat

2.5 cm

Mussel Treatment
5 cm

Seeded

Site

Unseeded

1

2

Filter feeder
Corella eumyotaNNS

9.4 ± 10.8

3.4 ± 5.0

6.7 ± 8.0

7.3 ± 9.3

5.7 ± 7.8

3.5 ± 6.3

10.0 ± 9.8

Ascidiella aspersa

26.7 ± 24.8

11.8 ± 12.0

16.2 ± 20.0

19.8 ± 20.4

16.8 ± 20.5

3.7 ± 5.4

35.2 ± 20.5

Ciona intestinalis

23.1 ± 19.3

24.1 ± 20.2

14.4 ± 9.2

20.7 ± 17.8

20.9 ± 17.4

11.2 ± 10.7

27.5 ± 19.9

Clavelina lepadiformis

0.0 ± 0.0

0.3 ± 1.1

0.3 ± 0.8

0.2 ± 0.9

0.2 ± 0.6

0.3 ± 1.1

0.0 ± 0.0

Asterocarpa humilisNNS

2.2 ± 3.5

1.6 ± 4.5

2.4 ± 4.3

2.4 ± 4.8

1.7 ± 3.2

0.2 ± 0.6

3.6 ± 5.1

Styela clavaNNS

9.2 ± 9.6

6.9 ± 8.3

7.8 ± 10.3

5.8 ± 8.4

10.1 ± 9.7

6.3 ± 9.1

9.3 ± 9.6

Dendrodoa grossularia

0.03 ± 0.1

0.0 ± 0.0

0.1 ± 0.1

0.0 ± 0.0

0.03 ± 0.1

0.02 ± 0.1

0.0 ± 0.0

Molgula sp.

1.3 ± 2.1

1.3 ± 3.1

0.8 ± 1.6

1.2 ± 2.6

1.0 ± 2.0

1.5 ± 3.0

0.3 ± 1.1

Botrylloides violaceusNNS

2.3 ± 5.5

1.4 ± 4.5

5.3 ± 14.5

2.4 ± 5.8

3.4 ± 11.6

1.0 ± 3.9

4.4 ± 12.1

Botrylloides leachii

0.1 ± 0.6

0.9 ± 1.9

2.0 ± 6.0

0.2 ± 0.9

1.7 ± 4.9

1.5 ± 4.9

0.1 ± 0.5

Botryllus schlosseri

0.2 ± 0.6

0.03 ± 0.1

0.6 ± 1.7

0.3 ± 1.1

0.2 ± 0.9

0.1 ± 0.1

0.4 ± 1.4

Diplosoma listerianum

15.4 ± 9.2

13.6 ± 9.1

12.8 ± 9.6

13.9 ± 9.4

14.0 ± 9.6

9.1 ± 8.9

16.9 ± 8.9

Lissoclinum perforatum

1.0 ± 4.5

0.1 ± 0.6

0.3 ± 1.2

0.9 ± 3.8

0.0 ± 0.0

0.0 ± 0.0

1.0 ± 3.8

Didemnum spp.

0.0 ± 0.0

0.1 ± 0.6

0.1 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

0.0 ± 0.0

0.1 ± 0.5

Aplidium cf. glabrumNNS

4.2 ± 5.4

4.6 ± 4.4

4.6 ± 7.5

5.0 ± 6.0

4.4 ± 5.5

5.5 ± 5.7

2.3 ± 5.2

Didemnum vexillumNNS

0.1 ± 0.6

0.0 ± 0.0

0.0 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

0.0 ± 0.0

0.1 ± 0.5

Botrylloides spp.

0.1 ± 0.1

0.2 ± 0.6

0.0 ± 0.1

0.1 ± 0.5

0.1 ± 0.1

0.0 ± 0.1

0.3 ± 0.5

Polychlinid sp.

0.1 ± 0.6

0.0 ± 0.0

0.0 ± 0.0

0.0 ± 0.0

0.1 ± 0.5

0.1 ± 0.5

0.0 ± 0.0

Tricellaria inopinataNNS

6.8 ± 7.0

2.8 ± 4.1

3.5 ± 3.8

4.6 ± 5.0

4.1 ± 5.9

4.0 ± 6.3

4.2 ± 4.5

Bugula neritinaNNS

1.3 ± 3.1

1.6 ± 3.3

1.7 ± 4.0

0.5 ± 1.4

1.9 ± 4.4

1.5 ± 3.3

1.1 ± 3.6

Bugulina simplexNNS

0.1 ± 0.6

0.0 ± 0.0

0.0 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

Bugulina stoloniferaNNS

0.1 ± 0.6

0.0 ± 0.0

0.0 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

Bugulina avicularia

0.3 ± 1.1

0.0 ± 0.0

0.0 ± 0.0

0.0 ± 0.0

0.2 ± 0.9

0.2 ± 0.9

0.0 ± 0.0

Bugulina fulva

2.6 ± 3.7

2.5 ± 3.6

2.3 ± 4.9

2.4 ± 4.5

2.5 ± 3.6

4.6 ± 4.6

0.1 ± 0.6

Crisularia plumosa

0.0 ± 0.0

0.1 ± 0.6

0.3 ± 1.2

0.3 ± 1.0

0.0 ± 0.0

0.2 ± 1.0

0.0 ± 0.0

Bugulina flabellata

0.0 ± 0.0

0.1 ± 0.6

0.0 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

Scrupocellaria scruposa

0.0 ± 0.0

0.0 ± 0.0

0.03 ± 0.1

0.0 ± 0.0

0.02 ± 0.1

0.01 ± 0.1

0.0 ± 0.0

Watersipora subatraNNS

0.4 ± 1.2

0.8 ± 2.0

1.2 ± 2.6

0.5 ± 1.9

1.1 ± 2.1

0.3 ± 1.0

1.7 ± 2.6

Cryptosula pallisiana

2.9 ± 4.7

3.3 ± 4.8

4.4 ± 5.3

2.8 ± 4.3

4.2 ± 5.4

2.5 ± 4.7

4.1 ± 5.1

Electra pilosa

0.8 ± 3.4

0.4 ± 1.2

0.2 ± 0.6

0.6 ± 2.8

0.3 ± 1.0

0.7 ± 2.9

0.0 ± 0.0

Conopeum reticulum

4.3 ± 7.9

1.8 ± 4.4

0.8 ± 2.4

2.6 ± 5.9

2.1 ± 5.3

3.6 ± 7.2

0.3 ± 1.9

Celleporella hyalina

0.3 ± 1.1

0.0 ± 0.0

0.8 ± 3.5

0.7 ± 2.9

0.0 ± 0.0

0.6 ± 2.9

0.0 ± 0.0

Unknown encrusting Bryozoan spp.

0.1 ± 0.6

0.5 ± 2.2

0.6 ± 2.4

0.3 ± 1.9

0.4 ± 1.9

0.6 ± 2.6

0.0 ± 0.0

Grantia compressa

0.5 ± 0.1

0.0 ± 0.0

0.5 ± 0.1

0.0 ± 0.0

1.0 ± 3.9

0.2 ± 1.0

0.6 ± 3.8

Sycon ciliatum

0.5 ± 0.1

0.5 ± 0.1

2.5 ± 0.6

0.2 ± 0.6

0.1 ± 0.5

0.0 ± 0.0

0.4 ± 0.8

Orange sponge sp.

0.5 ± 0.1

0.5 ± 0.1

0.1 ± 0.5

1.0 ± 2.6

0.6 ± 1.3

0.1 ± 0.5

1.7 ± 2.7

Austrominius modestusNNS

0.5 ± 0.1

4 ± 0.6

2 ± 0.2

0.1 ± 0.1

0.2 ± 0.5

0.03 ± 0.1

0.2 ± 0.5

Perforatus perforatus

0.0 ± 0.0

0.0 ± 0.0

0.3 ± 0.1

0.0 ± 0.0

0.0 ± 0.0

0.0 ± 0.0

0.0 ± 0.0

Balanus crenatus

0.4 ± 0.1

0.0 ± 0.0

0.0 ± 0.0

0.02 ± 0.1

0.01 ± 0.05

0.0 ± 0.0

0.02 ± 0.1

Spirobranchus sp.

7.9 ± 7.7

5.1 ± 5.9

4.6 ± 4.2

3.7 ± 4.9

8.1 ± 6.7

6.9 ± 5.9

4.1 ± 5.7

soft tube worms

0.3 ± 0.6

0.1 ± 0.2

0.6 ± 0.9

0.2 ± 0.5

0.4 ± 0.8

0.2 ± 0.5

0.6 ± 0.8

Polycheate spp.

0.5 ± 1.4

0.5 ± 1.4

0.4 ± 1.2

1.3 ± 1.4

0.7 ± 1.2

0.5 ± 1.5

0.4 ± 1.2

Terebellid sp.

0.3 ± 1.0

0.3 ± 0.6

0.3 ± 0.6

0.3 ± 0.6

0.5 ± 0.9

0.0 ± 0.0

0.7 ± 0.9

Hydroid spp.

1.1 ± 2.4

0.9 ± 1.6

0.4 ± 0.9

0.7 ± 1.3

0.9 ± 2.1

0.0 ± 0.0

2.0 ± 2.2

Tubularia sp.

0.1 ± 0.2

0.0 ± 0.0

0.0 ± 0.0

0.02 ± 0.1

0.03 ± 0.2

0.04 ± 0.2

0.0 ± 0.0

Red anemone

0.4 ± 0.2

0.1 ± 0.2

0.2 ± 0.6

0.1 ± 0.5

0.1 ± 0.2

0.2 ± 0.5

0.0 ± 0.0

Grey anemone

0.1 ± 0.6

0.3 ± 1.1

0.0 ± 0.0

0.1 ± 0.5

0.2 ± 0.9

0.2 ± 1.0

0.0 ± 0.0

25.3 ± 23.2

19.4 ± 17.3

13.6 ± 15.2

29.7 ± 21.1

9.6 ± 10.1

20.8 ± 21.4

13.3 ± 15.3

2.6 ± 3.9

1.5 ± 1.8

1.4 ± 1.7

1.4 ± 2.9

2.2 ± 2.4

2.2 ± 3.3

1.0 ± 1.5

Mytilus edulis/galloprovincialis
Anomia ephippium

(Continued)
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TABLE 2 | Continued
Tile complexity treatment

Mussel Treatment

Site

Flat

2.5 cm

5 cm

Seeded

Unseeded

1

2

Modiolarca sp.

1.1 ± 1.2

0.6 ± 1.0

0.5 ± 0.9

0.8 ± 1.1

0.7 ± 1.0

0.6 ± 1.0

0.9 ± 1.1

Hiatella sp.

0.8 ± 0.7

0.7 ± 0.9

0.6 ± 0.8

0.6 ± 0.8

0.7 ± 0.9

0.7 ± 0.8

0.6 ± 0.8

Crinoid sp.

0.03 ± 0.2

0.1 ± 0.3

0.1 ± 0.3

0.1 ± 0.3

0.01 ± 0.3

0.1 ± 0.4

0.0 ± 0.0

Crepidula fornicataNNS

0.1 ± 0.3

0.0 ± 0.0

0.0 ± 0.0

0.0 ± 0.0

0.1 ± 0.3

0.03 ± 0.3

0.0 ± 0.0

Detritivore and scavenger
Amphipod spp.

10.7 ± 10.3

13.2 ± 10.5

13.8 ± 10.5

12.2 ± 10.9

12.8 ± 10.0

9.0 ± 9.9

13.4 ± 10.7

Platyhelminthes sp.

0.5 ± 0.8

0.4 ± 0.7

0.03 ± 0.2

0.4 ± 0.7

0.3 ± 0.6

0.4 ± 0.7

0.2 ± 0.6

Petrolisthes sp.

0.1 ± 0.7

0.1 ± 0.3

0.1 ± 0.3

0.1 ± 0.4

0.1 ± 0.6

0.0 ± 0.0

0.1 ± 0.6

Pilumnus hirtellus

0.1 ± 0.4

0.1 ± 0.3

0.1 ± 0.4

0.2 ± 0.4

0.2 ± 0.4

0.01 ± 0.2

0.1 ± 0.5

Pycnogonid sp.

0.0 ± 0.0

0.03 ± 0.2

0.0 ± 0.0

0.03 ± 0.2

0.0 ± 0.0

0.01 ± 0.2

0.0 ± 0.0

Caprella muticaNNS

0.5 ± 1.4

0.3 ± 0.9

0.2 ± 0.8

0.4 ± 0.7

0.5 ± 1.4

0.0 ± 0.0

0.6 ± 1.4

Caprella spp.

1.0 ± 3.3

1.1 ± 2.2

0.9 ± 3.5

1.5 ± 2.8

2.2 ± 3.1

0.4 ± 1.6

1.3 ± 3.7

Carcinus meanus

0.2 ± 0.9

0.1 ± 0.2

0.1 ± 0.3

0.2 ± 0.4

0.2 ± 0.7

0.01 ± 0.1

0.2 ± 0.8

Cancer pagurus

0.0 ± 0.0

0.0 ± 0.0

0.03 ± 0.2

0.0 ± 0.0

0.03 ± 0.2

0.0 ± 0.0

0.01 ± 0.2

Ophiuridae spp.

0.03 ± 0.2

0.0 ± 0.0

0.0 ± 0.0

0.03 ± 0.2

0.0 ± 0.0

0.01 ± 0.2

0.0 ± 0.0

Red fan sp.

1.3 ± 2.9

0.9 ± 2.5

0.4 ± 1.3

1.0 ± 2.4

0.5 ± 2.3

1.5 ± 3.1

0.02 ± 0.1

Rhodomenia delicatula

0.1 ± 0.6

0.0 ± 0.0

0.0 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

0.1 ± 0.5

0.0 ± 0.0

Ulva spp.

0.03 ± 0.1

0.6 ± 1.3

0.2 ± 0.6

0.2 ± 0.9

0.2 ± 0.8

0.4 ± 1.1

0.1 ± 0.5

Omnivore

Predator

Corticated foliose

Corticated macrophyte
Strappy red sp.

0.0 ± 0.0

0.1 ± 0.2

0.0 ± 0.0

0.03 ± 0.1

0.02 ± 0.1

0.04 ± 0.2

0.0 ± 0.0

Wirey red sp.

0.01 ± 0.1

0.02 ± 0.1

0.0 ± 0.0

0.0 ± 0.0

0.02 ± 0.1

0.0 ± 0.0

0.02 ± 0.1

Griffithsia sp.

0.1 ± 0.2

0.03 ± 0.1

0.0 ± 0.0

0.01 ± 0.2

0.01 ± 0.1

0.04 ± 0.2

0.0 ± 0.0

Chlorophyta spp.

0.0 ± 0.0

0.0 ± 0.0

0.03 ± 0.1

0.0 ± 0.0

0.01 ± 0.1

0.01 ± 0.1

0.0 ± 0.0

Polysiphonia spp.

0.4 ± 0.8

0.5 ± 1.2

0.7 ± 1.6

0.2 ± 0.5

0.7 ± 1.6

0.6 ± 1.4

0.4 ± 1

Ceramium spp.

0.02 ± 0.1

0.02 ± 0.1

0.01 ± 0.1

0.03 ± 0.1

0.02 ± 0.1

0.04 ± 0.1

0.0 ± 0.0

Filamentous

Leathery macrophyte
Saccharina latissima

0.0 ± 0.0

1.0 ± 3.4

0.0 ± 0.0

0.0 ± 0.0

0.5 ± 2.8

0.4 ± 2.8

0.1 ± 0.6

Undaria pinnatifidaNNS

0.03 ± 0.1

0.03 ± 0.1

0.0 ± 0.0

0.01 ± 0.1

0.01 ± 0.1

0.0 ± 0.0

0.01 ± 0.1

Fucus spp.

0.1 ± 0.6

0.0 ± 0.0

0.4 ± 1.3

0.3 ± 1.0

0.1 ± 0.5

0.3 ± 1.1

0.0 ± 0.0

Ascophyllum nodosum

0.03 ± 0.1

0.1 ± 0.6

0.0 ± 0.0

0.0 ± 0.0

0.1 ± 0.5

0.1 ± 0.5

0.0 ± 0.0

Sargassum muticumNNS

0.03 ± 0.1

0.0 ± 0.0

0.0 ± 0.0

0.0 ± 0.0

0.01 ± 0.1

0.01 ± 0.1

0.0 ± 0.0

66

58

56

65

66

64

51

Total taxon richness

Values represent percent cover of sessile organisms and counts of mobile organisms (±standard deviation). Non-native species are indicated by the superscript ‘NNS’.
Taxa are arranged by functional group (indicated in bold).

O. edulis. All four taxa showed consistently high contribution to
dissimilarities between treatments (Diss/SD > 1), with O. edulis
being the most consistent contributor (Supplementary Table 11).

Tel Aviv: Richness and Community
Composition
Mean taxon richness did not vary with tile complexity
(Supplementary Table 10a), while community composition did
vary significantly with complexity (F 2 ,12 = 3.1239, P = 0.0300;
Figure 3 and Supplementary Table 10b), with post hoc pairwise
comparisons revealing significant differences between flat and
2.5 cm tiles. Seventy-five percent of the dissimilarities between
these tiles were attributed to only four taxa. Turf algae
contributed the most (46.0%), followed by Spirorbis spp. (11.1%),
Ostrea edulis (10.0%), and an unidentified encrusting bryozoan
(9.8%), with all taxa more abundant on flat tiles except for
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DISCUSSION
In contrast to our hypotheses, this study showed little evidence
of biodiversity benefits as a result of increasing either physical
or biological complexity in subtidal habitats. Despite finding
no significant differences in mean taxon richness across tile
complexities at either location, in Plymouth, the physically
complex tiles with ridges actually supported lower total numbers
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and Hulme, 1997; Murphy et al., 2019). The differing effects
of physical complexity between our subtidal experiments and
previous intertidal experiments likely arose from differences in
the key environmental stressors to which subtidal and intertidal
communities are exposed.
In subtidal habitats, research on artificial reefs generally shows
increased diversity with the addition of habitat (Bohnsack and
Sutherland, 1985), which is counter to results from the current
study. Although also located in the subtidal, it is challenging
to directly compare artificial reefs to coastal subtidal habitats,
as artificial reefs are positioned in nearshore or deeper offshore
waters which experience different environmental conditions
compared to coastal subtidal habitats. Furthermore, artificial reef
studies typically focus on production versus attraction of reef
and game fish as well as fisheries potential of the reef (Pickering
and Whitmarsh, 1997; Watanuki and Gonzales, 2006), with
few studies analyzing the fouling communities (Baine, 2001).
Despite these differences, ecologists developing subtidal habitat
enhancements in coastal environments can still be able to learn
from the decades of research on nearshore and offshore artificial
reefs (Firth et al., 2020a).
Positive effects of physical and biological complexity on
intertidal biodiversity (e.g., Vozzo et al., 2021) have, in part,
been attributed to the amelioration of low tide air temperature
extremes and desiccation stress by complex microhabitats (see
McAfee et al., 2016, 2017) as well as the protection these
provide from predators (Martins et al., 2010; Strain et al.,
2017b). In subtidal environments, small-scale physical and
biological complexity, however, have little influence on water
temperature or on physico-chemical stressors related to water
quality. Instead, the provision of biological complexity may
competitively exclude species through pre-emption of space
(Underwood, 2000; Bateman and Bishop, 2017), reducing food
availability (e.g., mussels reducing food resources for other
filter feeders; Peterson and Beal, 1989) or negatively influencing
settlement of organisms through passive ingestion of larvae
through filter feeding (Lehane and Davenport, 2004; Porri
et al., 2008). In Plymouth, there was a negative effect of
biological complexity on taxon richness and no effect of biological
complexity on the numbers of recruited mussels, contrary to
the generally positive effects of bivalves on biodiversity and
recruitment of conspecifics in the intertidal zone (Bradford et al.,
2020; Vozzo et al., 2021). As the current study only assessed
mussel recruitment after 15 months, it is possible that mussel
seeding initially had a positive effect on mussel recruitment,
but subsequent density dependent mortality had counteracted
this treatment effect by 15 months (Benedetti-Cecchi, 2000;
Maggi et al., 2011).
Whether complexity in subtidal habitats provides protection
from predation (e.g., Connell and Anderson, 1999; Ferrario et al.,
2016) will be dependent on the match between the dimensions
of the microhabitats provided and the body size of key predators.
The body sizes of predators can determine access to prey within
microhabitats (Hacker and Steneck, 1990; Strain et al., 2017b).
As physical complexity had no effect on taxon richness in either
Plymouth or Tel Aviv, it is likely that colonizing organisms on
both flat and complex tiles were equally affected by predators.

TABLE 3 | Summary of PERMANOVA test results comparing richness (taxon and
functional) and community composition from Plymouth, United Kingdom (NE
Atlantic) and Tel Aviv, Israel (eastern Mediterranean Sea) and how results
compared across locations.
Response variable

Main effects and Post hoc tests
Site

Complexity

Seeding

ns

ns

F 1,46 = 58.186,
P = 0.0454
Unseeded > Seeded

ns

ns

ns

F 1,46 = 12.326,
P = 0.0001

ns

F 1,46 = 2.1544,
P = 0.0033
No test

Plymouth
Taxon richness

Functional Richness
Community
composition
Tel Aviv
Taxon richness

No test

ns

Functional Richness

No test

No test

No test

Community
composition

No test

F 2,12 = 3.1239,
P = 0.03 Flat 6 =
2.5 cm

No test

–

Plymouth and Tel Aviv agree?
Taxon richness

–

Yes

Functional Richness

–

–

–

Community
composition

–

No

–

Experiments tested effects of physical complexity (in Plymouth and Tel Aviv) through
use of three tile complexity treatments (flat, 2.5 cm, 5.0 cm) and biological
complexity (in Plymouth only) through seeding tiles with mussels. Experiments
in Plymouth were 15 months, while experiments in Tel Aviv were 12 months
(see Table 1 for experimental design details). ‘ns’ represents results that were
not significant. Dashes (–) indicate where comparisons were not possible due to
factors or variables not tested at both locations. ‘6 =’ indicates significant differences
in community composition between treatments. Significant treatment effects are
denoted by bold font. No interactions were significant.

of taxa (56 and 58) than the flat tiles with no ridges (66 taxa), with
four of the 16 non-native taxa found only on flat tiles (Table 2).
Furthermore, the biologically complex tiles that were seeded
with mussels supported significantly lower mean taxon richness
than tiles that were unseeded. The only finding that agreed with
our hypotheses was that recruited mussels were bigger on the
biologically complex tiles that were seeded compared to those
that recruited to unseeded tiles.
This study replicated methods used by previous intertidal
experiments in locations across the globe, including Plymouth
and Tel Aviv (Strain et al., 2021). In Plymouth, we found
similar effects of physical complexity in the subtidal zone as
previously found in the intertidal (Strain et al., 2021), with
physical complexity having no detectable influence on taxon
richness in either instance. In Tel Aviv, however, intertidal trials
revealed positive effects of physical complexity (Strain et al.,
2021) that contrasted the neutral effects found in the subtidal
here. Physical complexity in the intertidal zone was likely more
important for reducing thermal stress in Tel Aviv, which is
characterized by dry and hot conditions (approximately 500 mm
mean annual rainfall; 14–26◦ C air temperature; Striem, 1967;
Azov, 1991) compared to Plymouth, which is characterized
by rainy conditions and a temperate climate (approximately
1000 mm mean annual rainfall; 6–16◦ C air temperature; Barrow
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FIGURE 1 | Non-metric multi-dimensional scaling (nMDS) ordination on Bray–Curtis resemblances using fourth root transformed multivariate data showing the
effects of mussel seeding (using Mytilus spp.) on community composition at two sites in Plymouth, United Kingdom (NE Atlantic). Community composition data were
collected from seeded (denoted by dark squares) and unseeded (gray circles) tiles at the end of the 15-month experiment (April 2017–July 2018).

FIGURE 2 | Comparison of mean shell length (mm) ± standard error of mussels that recruited to flat and complex seeded and unseeded tiles at two sites in
Plymouth, United Kingdom (NE Atlantic) at the end of 15-month experiments (April 2017–July 2018). Significant interactions among Site x Complexity x Seeding are
shown by mussel seeding (seeded, unseeded tiles). Asterisks (∗ ) indicate significant differences between seeding treatments at P ≤ 0.05.

Of the species contributing most to observed differences
in community composition between seeded and unseeded tiles
in Plymouth, 35% were non-native, with over 50% equally
or more abundant on seeded tiles. This contrasts with Vozzo
et al. (2021) who showed that the proportion of non-native
to native species on tiles seeded with oysters was generally
lower compared to unseeded tiles in intertidal experiments.
As artificial substrata that is constantly submerged throughout
the tidal cycle (i.e., subtidal and lower intertidal habitats) has
been shown to support greater numbers of non-native species

This may be explained by low rates of predation that exert little
top–down control on community structure, or alternatively, a
small body size of key predators, which allowed them to access
not only flat surfaces but also protective crevices. For example,
predators of biota on tiles in Plymouth are likely common
inshore fish (e.g., mackerel, pollack, mullet), which are small
enough to access the crevices of the tiles; while in Tel Aviv,
predators are probably crab species and small fish such as croaker,
which have feeding strategies that allow them access to the small
crevices of the tiles.
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FIGURE 3 | Non-metric multi-dimensional scaling (nMDS) ordination on Bray–Curtis resemblances using square root transformed multivariate data showing the
effects of physical complexity on community composition at a marina in Tel Aviv, Israel (eastern Mediterranean Sea). Community data were collected from subtidal
flat tiles (without crevice and ridges), 2.5 cm complexity tiles and 5.0 cm complexity tiles at the end of the 12-month experiment (August 2016–August 2017).

also important to understand how habitat enhancements affect
biodiversity compared to adjacent natural habitat (i.e., spill over
onto natural rocky shores) as well as artificial structures with no
enhancements (e.g., seawalls).

compared to intertidal substrata (O’Shaughnessy, 2020) and
natural rocky reefs (Dafforn et al., 2012; Airoldi et al., 2015),
there are concerns that addition of substrate (either physical
or biological) in the name of IGGI in subtidal habitats may
facilitate non-native species spread (Dafforn et al., 2012; Evans
et al., 2017; O’Shaughnessy et al., 2020). Additionally, there
is growing evidence that invasive species are more likely to
settle preferentially on habitat-formers than on the surrounding
substrate (Reise, 1998; Firth et al., 2020b). With increasing
interest in the use of habitat-forming species for restoration
and rehabilitation efforts (Byers et al., 2006; Perkol-Finkel et al.,
2012; Ramus et al., 2017), a greater understanding of the
role of habitat-forming species in providing novel space for
attachment of non-native species in the subtidal is required
(Sotka and Byers, 2019).
Although methodological and temporal differences could
have contributed to the differing effects of physical complexity
between our study locations, our results nevertheless support
growing assertions that the effects of complexity are contextdependent (Strain et al., 2021; Clifton et al., in review). The
key to maximizing ecological benefits through greening gray
infrastructure is to understand specific stressors that influence
the colonizing community, and hence the interventions that
will most effectively mitigate these. As such, the practice of
IGGI would benefit from future experiments investigating how
biotic factors such as propagule and larval supply, competition
and predator-prey interactions, as well as abiotic factors such
as pollution load and wave action interact with complexity.
Experiments with standardized methodologies and sampling,
longer trials that last years rather than months and regular
monitoring of effects are needed to enhance our understanding
of ecological responses to IGGI practices over time. It is
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CONCLUSION
The success of any habitat enhancement intervention will
ultimately depend on well-informed planning underpinned
by sound evidence, as well as setting and monitoring of
secondary management goals. As such, it is vital to understand
which factors influence specific response variables and under
which environmental conditions interventions will have the
greatest positive effects so that interventions can maximize
ecological outcomes and provide an effective tool for achieving
management goals (Dafforn et al., 2015b; Mayer-Pinto et al.,
2019). Here we show that the drivers of colonization were
different between geographic locations, with physical complexity
influencing the colonizing community in Tel Aviv but not
in Plymouth. The additional test using mussel seeding in
Plymouth allowed us to show that biological complexity
influenced differences in colonization at this location. We
also demonstrate that results from habitat enhancement
approaches that have proven positive ecological effects in the
intertidal zone do not necessarily translate to subtidal habitats,
indicating that integrated green–gray infrastructure is not
a ‘one-size-fits-all’ approach. Artificial structures will never
be exact surrogates for the natural habitats they replace, and
even the best integrated green–gray infrastructure designs
cannot replicate nature. However, if nature-based approaches
are underpinned by proof-of-concept evidence within the
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same physical and environmental context in which they are
implemented, interventions may have the potential to support
greater biodiversity and provide valuable ecosystem services; a
true ‘win–win’ for both humans and nature.
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