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• Complexity of multiple stressors can
preclude holistic understanding of eco-
systems.

• We applied a framework to quantify
complex impacts on urban floodplain
ecosystems.

• Complexity was quantified via network
meta-analysis and weight-of-evidence
approaches.

• Study revealed evidence gaps of pres-
sure and stressor impacts on ecological
receptors.

• Networks illustrated novel disturbance
pathways for hypothesis generation.
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Freshwater floodplains are dynamic, diverse ecosystems that represent important transition zones between ter-
restrial, riparian, subsurface and aquatic habitats. Given their historic importance in human development, flood-
plains have been exposed to a variety of pressures, which in combination have been instrumental in driving
changes within these ecosystems. Here, we present an evidence-based framework to explore direct and indirect
effects of pressures and stressors onfloodplain ecosystems and test this structurewithin the urban landscape. Ev-
idence was obtained from peer-reviewed scientific literature, focusing on effects of key pressures and stressors
on receptors, including species composition (e.g., species presence-absence, diversity) and ecosystem function
(e.g., biomass, decomposition). The strength of direct and indirect effects of individual and multiple stressors
on biological receptors was quantified using two separate analyses: an evidence-weighted analysis and a quan-
titative networkmeta-analysis using data extracted from131 studies. Results demonstrate the power of adopting
a systematic framework to advance quantitative assessment of floodplain ecosystems affected by multiple
stressors. While direct pathways were generally stronger and provided the core network skeleton, there were
many more significant indirect pathways indicating evidence gaps in our mechanistic understanding of these
processes. Indeed, the importance of indirect pathways (e.g. increase in impervious surface→ increase in the ac-
cumulation rate of sediment nutrients) suggests that embracing complexity in networkmeta-analysis is a neces-
sary step in revealing a more complete snapshot of the network. Results from the weight-of-evidence approach
generally mirrored the direct pathway structure and demonstrated the strength of incorporating study quality
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alongside data sufficiency. Networks illustrated novel disturbance pathways (e.g., decrease in habitat structure→
decrease in structure and function of aquatic and riparian assemblages) that can be used for hypothesis genera-
tion for future scientific enquiries. Our results highlight the broader applicability of adopting the proposed frame-
work for assessing complex environments, such as floodplains.
Crown Copyright © 2019 Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license

(http://creativecommons.org/licenses/by-nc-nd/4.0/).
1. Introduction

Urbanisation pressures currently threaten freshwater ecosystems,
and these pressures are likely to strengthen as 68% of the global popula-
tion is projected to live in urban areas by 2050 (Faulkner, 2004; United
Nations, 2018). Through construction of impervious surfaces, urbanised
areas alter water dynamics (McGrane, 2016), sediment and nutrient
loads (Sonneman et al., 2001; Faulkner, 2004; Lee et al., 2006), carbon
fluxes (Sickman et al., 2007), light regimes (Bergeron and Strachan,
2012), water temperature and chemistry (Oke, 2004; Zhang et al.,
2015), and water pollution levels (Grimm et al., 2008). Combined,
these stressors can lead to changes in surface water hydrology
(Faulkner, 2004; Lee et al., 2006; O'Driscoll et al., 2010), declining
groundwater levels (Rose and Peters, 2001;Mount et al., 2001), and de-
creasing microclimate regulation and function (Zhang et al., 2015,
2016). These stressors cause degradation of biodiversity, species rich-
ness, and abundance of at-risk plants and animals (Nehlsen et al.,
1991; May et al., 1997; Sonneman et al., 2001; Faulkner, 2004;
Morgan and Cushman, 2005), altering microbial, diatom, and macroin-
vertebrate assemblages (Sonneman et al., 2001), and ultimately
impacting ecosystem function, species interactions and the provision
of ecosystem services.

As human settlement began in floodplains, it is not surprising that
floodplains and their associated wetlands remain the habitats most
threatened by urbanisation, particularly in coastal areas (Reinelt et al.,
1998; Sonneman et al., 2001; Faulkner, 2004; Kentula et al., 2004; Lee
et al., 2006; Patenaude et al., 2015; Zhang et al., 2016). Globally, these
key habitats are experiencing accelerated loss (Davidson, 2014; Hu
et al., 2017) with factors such as eutrophication, water abstraction, con-
tamination, climate change, and invasion of exotic species, contributing
to the loss of ecosystem functioning. More troubling are the issues sur-
rounding changes to thehydrological regimes of these systems,with the
practices of filling, dyking, draining, and reclamation of floodplain eco-
systems (Brinson and Malvárez, 2002) all linked to urbanisation.
These pressures are especially pronounced in developing and transition
economies (Pauchard et al., 2006) where wetlands are often viewed as
marginal lands suitable for natural resource exploitation and reclama-
tion to support growing populations (Bosma et al., 2017; Greenland-
Smith et al., 2016; Turyahabwe et al., 2017) rather than as critical pro-
viders of essential ecosystem services.

Floodplain wetlands are of critical global importance due to their
unique nature as highly productive and biodiverse habitats that provide
valuable ecosystem services, such as flood protection, food security, and
societal well-being (Tockner and Stanford, 2002). These wetlands are
intrinsically linked to terrestrial ecosystems, surface and groundwater,
soils, and riparian zones, with interactions among these ecosystems
serving to maintain their health and resilience (e.g., Brunke and
Gonser, 1997; Arthington et al., 2010; Vander Vorste et al., 2016a,
2016b). In terms of biodiversity, floodplain wetlands support high hab-
itat diversity and a disproportionately large number of biota compared
to their global extent (Knopf and Samson, 1994; Kelsey and West,
1998; Tockner and Stanford, 2002; Flinn et al., 2008). Despite warnings
from the science community of their critical endangerment (e.g., the
Cuiabá Wetlands Declaration; Society of Wetland Scientists, 2008),
pressures on these ecosystems and their preservation are often
downplayed or simply ignored by regulators and developers (Ripple
et al., 2017; Finlayson et al., 2011).
As societal use of these ecosystems has evolved, the associated pri-
mary drivers of ecosystems change (i.e., urbanisation, agriculture)
have degraded biodiversity and ecosystem functioning (Brinson and
Malvárez, 2002). While there is consensus that intense urbanisation
pressures will have negative effects on biodiversity, the effects of mod-
erate urbanisation are less clear, or at least less discernible (McKinney,
2008). The paradox that species richness may indeed increase with
low-to-moderate urbanisation (McKinney, 2008) could be attributed
to replacement of local species by non-native species, spatial heteroge-
neity, disturbance (i.e., the intermediate disturbance hypothesis;
Connell, 1978), and scale. Of all major drivers of freshwater ecosystem
change, urbanisation ‘hides in plain sight’, becausemost of the evidence
for these patterns comes from highly focused, localised studies that fail
to consider the large suite of potential pressures associated with urban-
isation, which drive multiple stressor impacts. Here, we argue that by
embracing their complex nature, we can gain greater insights into the
interlinked pressures present in these environments and how local eco-
systems respond, thus improving our ability to manage urbanisation
pressures more effectively.

Given the complexity of how the adjacent components of flood-
plains (e.g., wetland, groundwater, river, and terrestrial ecosystems) in-
teract and transfer energy and materials, they are perhaps better
understood as ‘meta-ecosystems’ (Loreau et al., 2003). Understanding
multiple stressor impacts on such spatially and temporally complex sys-
tems remains a key challenge for ecologists (Dafforn et al., 2016). The
DPSIR framework (Driver-Pressure-State-Impact-Responsemodel of in-
tervention; Smeets andWeterings, 1999; further adapted by Baird et al.,
2016) offers a structure to quantify pathways between components to
improve our understanding of highly complex systems and to assess
multi-stressor responses of ecosystems.

Here, we review existing literature on the effects of urbanisation on
floodplain wetlands. Specifically, we apply an explicitly multi-stressor
approach within an overarching DPSIR-compatible framework (Van
den Brink et al., 2019, this volume), supporting science-to-policy link-
ages through the use of formal, quantitative meta-analysis approaches.
These analyses are used to identify the pressures and pathways by
which urbanisation impacts floodplain wetlands and the biodiversity
and ecological responses that arise. Additionally, we explore how this
approach can support quantification of indirect pathways, elucidating
hidden linkages among pressures, stressors, and drivers. We illustrate
the power of quantitative meta-analytical approaches and the impor-
tance of considering pressures from a multiple stressor context. Our re-
sults provide resource managers with quantifiable evidence to support
management and restoration efforts and highlight knowledge gaps to
inform future research needs.

2. Methods

2.1. Meta-analysis framework

The proposed framework consists of two parts: an environmental
filter and a transmitting function to allow effects to propagate to higher
levels of biological organisation (Van den Brink et al., 2019, this vol-
ume). Applying the framework consists of eight steps designed to iden-
tify pressures, stressors, their interactions and biotic groups sensitive to
the stressors (Van den Brink et al., 2019, this volume). These are used to
identify potential responses of biotic and functional groups and form an
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ecological model to predict the interaction of multiple stressors within
an ecosystem. Data are then used to predict the resultant impact ofmul-
tiple stressors on the ecosystem studied. We applied the proposed
framework within floodplain wetlands and identified several drivers
of multiple stressor impacts on the ecosystem (e.g. agriculture, forestry,
industry, water management, climate change). However, we chose to
focus on one of the most pressing societal drivers influencing river
floodplains today and throughout history: urbanisation.We defined ur-
banisation as the driver of primary pressures and secondary stressors on
the floodplain ecosystem, and denoted receptors as the ecological end-
points within the framework that are often measured as part of routine
monitoring.

A conceptual, iterative model to describe DPSIR pathways was devel-
oped during the initial expert workshop. We predicted directional
changes between pairwise pressure-stressor and stressor-receptor
nodes that would cause quantifiable directional responses based on our
mechanistic understanding of these pairwise pathways (Fig. 1). The con-
ceptualmodelwas analysed using two literature-basedmethods to quan-
titatively assess the impacts of urbanisation on freshwater floodplains:
1) a weight-of-evidence pathway analysis, called Eco Evidence (Norris
et al., 2012), and 2) a structured network meta-analysis (Schwarzer
et al., 2015). The Eco Evidence approach allowed us to assess the mecha-
nisms behind predicted pathways among pressures, stressors, and recep-
tors from our conceptual model via a structured weight-of-evidence
approach using an adapted causal criteria analysis that allows us to
strengthen confidence in these pairwise pathways using available
Fig. 1. Conceptual model of the effects of increasing urbanisation on pressures, stressors and
biological receptors in freshwater floodplain habitats. Predicted pathways were developed
from our existing mechanistic understanding of directional responses from pressures (P) to
stressors and stressors (S) to receptors (R). The lines represent the relative number of
predicted pathways between nodes. The colour of the line represents the directionality from
the primary node to the response node: orange = increase-increase; blue = increase-
decrease; green = decrease-increase; and grey = decrease-decrease. The circles represent
the individual nodes used in the analyses (Table 1).
evidence (Norris et al., 2012). The network meta-analysis, which is in-
creasingly applied to complex clinical studies in human medicine
(Schwarzer et al., 2015), allowed our analysis to move beyond identifica-
tion of direct pathways towards quantifying the strength of direct and in-
direct pathways of both individual and multiple pressures and stressors
on biotic receptors (Neupane et al., 2014).

2.2. Standardised literature review

Given the highly complex pathways among pressures, stressors, and
receptors in response to the driver of urbanisation in floodplain ecosys-
tems, we used an a priori literature extraction focusing on six core pres-
sure themes identified as being important to ecosystem integrity during
workshop discussions: sediments, nutrients, surface flow, contaminants,
groundwater, and water temperature. Applying strict standardised op-
erational criteria to minimise bias among extractions (Singh, 2017), lit-
erature searches were completed using Google Scholar, with the same
standardised Boolean terms at the start of each search [(urbanisation
OR urbanization) AND (floodplain OR “flood plain”)]. Each search was
then tailored to the component of interest, for example (“water temper-
ature”OR “stream temperature). These standardised searches yielded an
average of 18,460 results (SD=7308.9) and papers for the first 250 hits
by relevance of each search combination were downloaded (n = 1500
peer-reviewed papers total). Preliminary paper screening involved a
structured assessment of the quality, relevance, and information content
of each study (e.g. availability of raw data, graphical data that could be
extracted, full statistical output). These screening measures resulted in
131 studies supporting single (e.g. pressure (P) → stressor (S),
pressure → receptor (R) or stressor → receptor) and multiple (e.g. P
→ S→ R) pathways in single and multiple stressor environments across
the six broad pressure themes. Data and study information were ex-
tracted, including pressure theme, location, study type, collection and
analysismethods, and summary results. Additionally, individual andmulti-
plepathways among the corepressures, stressors, and receptorswere iden-
tified using simple linkage statements and supported via statistical results.
For thequantifiednetworkmeta-analysis, datawere further summarised to
support pathways including means, sample sizes, and standard deviations
of pathway responses for both control and impact groups.

2.3. Identified nodes

Standardised nodes were identified from the terms extracted during
the literature review (Table 1). Terms were merged to maximise the
number of evidence itemswithin anodewithout compromising the com-
plexity of the pathway network. Nodes were classified as pressures (n=
27) (e.g. impervious surfaces, erosion, channel form), stressors (n= 25)
(e.g. riparian/floodplain cover, large woody debris, soil organic matter),
and receptors (n=6) (e.g. function or composition, aquatic or riparian).

2.4. Weight-of-evidence analysis

We developed a simple conceptual model to explore associations
among the 58 standardised nodes using the EcoEvidence approach
(Fig. 1; Norris et al., 2012).We predicted that directional changes across
the pressure, stressor, and receptor nodes would cause quantifiable di-
rectional responses, and individual evidence items were paired with
each pathway. Only evidence with statistical significance (α = 0.05)
was included in the final weight-of-evidence analysis because the
weight-of-evidence approach is to find evidence to support individual
node-to-node pathways rather than to assess strength of pathways.
Where statistically significant pathways were observed, support from
the evidence was assessed according to its study design, where higher
weights were assigned to studies with stronger designs (e.g. greater
replication). For each pathway, the weight of each paired evidence
item was summed for those supporting the pathway and for those re-
futing the pathway. The two summed values were compared to a



Table 1
Standard codes and terms for nodes used in the network meta-analysis. P indicates pressure, S indicates stressor and R indicates receptor. Nodes represented in the weight-of-evidence
analysis are indicated by •. Mean (SD) standardised mean difference treatment effect presented for direct, indirect and overall pairwise pathways. Number of statistically significant (p b

0.05) pathways for each node are presented.

Node ID Term Direct pathways Indirect pathways Overall pathways

• P01 Impervious surface 2.415 (1.810)
p b 0.05 = 24

2.226 (1.470)
p b 0.05 = 44

2.176 (1.451)
p b 0.05 = 50

• P02 Flow: Magnitude 0.083 (1.328)
p b 0.05 = 7

0.396 (0.952)
p b 0.05 = 21

0.445 (0.979)
p b 0.05 = 21

• P03 Erosion 0.047 (0.609)
p b 0.05 = 2

0.937 (1.061)
p b 0.05 = 26

0.922 (1.058)
p b 0.05 = 28

P04 Sediment flux −0.215 (0.053)
p b 0.05 = 0

0.216 (0.965)
p b 0.05 = 16

0.216 (0.965)
p b 0.05 = 16

• P05 Channel size 1.581 (1.368)
p b 0.05 = 2

0.703 (1.008)
p b 0.05 = 19

0.746 (1.027)
p b 0.05 = 22

• P06 Channel form −0.236 (0.505)
p b 0.05 = 1

−0.372 (1.056)
p b 0.05 = 29

−0.376 (1.047)
p b 0.05 = 30

• P07 Flow: variability (flashiness) 0.985 (1.327)
p b 0.05 = 3

0.186 (0.967)
p b 0.05 = 16

0.191 (0.965)
p b 0.05 = 16

• P08 Proximity to urban area −1.286 (0.410)
p b 0.05 = 2

−0.343 (1.053)
p b 0.05 = 25

−0.325 (1.041)
p b 0.05 = 25

• P09 Deposition −0.110 (0.593)
p b 0.05 = 2

2.472 (2.200)
p b 0.05 = 51

2.509 (2.181)
p b 0.05 = 53

• P10 Coarse substrate −0.147 (0.352)
p b 0.05 = 0

−0.341 (1.119)
p b 0.05 = 30

−0.337 (1.109)
p b 0.05 = 31

P11 Sediment depth −0.439 (0.459)
p b 0.05 = 1

−0.823 (1.405)
p b 0.05 = 41

−0.827 (1.398)
p b 0.05 = 42

• P12 Slope −0.714 (1.363)
p b 0.05 = 4

−1.125 (1.649)
p b 0.05 = 45

−1.144 (1.645)
p b 0.05 = 45

• P13 Baseflow (surface) −0.178 (0.821)
p b 0.05 = 2

0.402 (1.023)
p b 0.05 = 14

0.415 (1.031)
p b 0.05 = 15

• P14 Floodplain wetted area −0.135 (0.543)
p b 0.05 = 1

1.051 (1.453)
p b 0.05 = 41

1.038 (1.454)
p b 0.05 = 43

P15 Velocity 0.368 (0.437)
p b 0.05 = 2

−0.417 (1.221)
p b 0.05 = 29

−0.423 (1.220)
p b 0.05 = 30

• P16 Turbidity 0.466 (0.176)
p b 0.05 = 0

0.186 (0.977)
p b 0.05 = 14

0.172 (0.968)
p b 0.05 = 14

• P17 Fine substrate 0.439 (0.448)
p b 0.05 = 0

0.118 (0.966)
p b 0.05 = 13

0.117 (0.966)
p b 0.05 = 13

P18 Sedimentation rate 0.544 (0.361)
p b 0.05 = 1

0.831 (1.494)
p b 0.05 = 37

0.832 (1.493)
p b 0.05 = 38

• P19 Groundwater levels −5.286 (3.373)
p b 0.05 = 1

−0.132 (1.121)
p b 0.05 = 23

−0.134 (1.121)
p b 0.05 = 23

P20 Habitat structure 1.142 (1.112)
p b 0.05 = 4

−0.777 (2.036)
p b 0.05 = 45

−0.759 (2.040)
p b 0.05 = 46

• P21 Substrate size 0.891 (1.210)
p b 0.05 = 4

−1.395 (3.294)
p b 0.05 = 53

−1.375 (3.293)
p b 0.05 = 54

• P22 Fragmentation 2.598 (0.773)
p b 0.05 = 2

−0.042 (0.982)
p b 0.05 = 10

−0.026 (0.986)
p b 0.05 = 11

• P23 Flow: duration/frequency of events −0.203 (0.198)
p b 0.05 = 0

0.052 (1.061)
p b 0.05 = 9

0.052 (1.054)
p b 0.05 = 10

• P24 Sinuosity 0.431 (0.148)
p b 0.05 = 0

−0.065 (0.972)
p b 0.05 = 11

−0.067 (0.967)
p b 0.05 = 12

• P25 Groundwater recharge/exchange −4.296 (0.944)
p b 0.05 = 2

−0.415 (1.649)
p b 0.05 = 24

−0.367 (1.530)
p b 0.05 = 25

P26 Riparian area 6.371 (1.077)
p b 0.05 = 0

−0.478 (1.670)
p b 0.05 = 0

−0.406 (1.683)
p b 0.05 = 0

• P27 Channel migration 0.870 (0.166)
p b 0.05 = 0

−0.138 (1.046)
p b 0.05 = 7

−0.139 (1.048)
p b 0.05 = 7

• S01 Nutrients (N, P, C)
(short-term)

−1.306 (3.474)
p b 0.05 = 6

−0.246 (1.216)
p b 0.05 = 24

−0.155 (0.996)
p b 0.05 = 22

• S02 Riparian/floodplain cover −0.023 (1.134)
p b 0.05 = 7

−0.180 (1.013)
p b 0.05 = 21

−0.167 (0.964)
p b 0.05 = 20

• S03 Conductivity 1.559 (1.289)
p b 0.05 = 10

−0.163 (2.107)
p b 0.05 = 50

−0.167 (2.107)
p b 0.05 = 51

• S04 pH −0.157 (1.078)
p b 0.05 = 5

−0.075 (1.020)
p b 0.05 = 21

−0.091 (1.020)
p b 0.05 = 21

• S05 Surface water non-essential toxic substances −0.465 (0.593)
p b 0.05 = 2

−0.108 (1.021)
p b 0.05 = 20

−0.086 (1.005)
p b 0.05 = 21

• S06 Sediment non-essential toxic substances 0.595 (0.611)
p b 0.05 = 2

−0.082 (1.021)
p b 0.05 = 21

−0.094 (1.021)
p b 0.05 = 21

• S07 Water temperature: Magnitude (summer) −0.527 (0.746)
p b 0.05 = 4

−0.246 (1.453)
p b 0.05 = 39

−0.243 (1.449)
p b 0.05 = 42

• S08 Large woody debris 0.131 (1.731)
p b 0.05 = 11

0.275 (1.347)
p b 0.05 = 39

0.263 (1.361)
p b 0.05 = 39

S09 Sediment nutrients (N, P, C) 0.732 (0.746)
p b 0.05 = 5

−0.180 (1.102)
p b 0.05 = 19

−0.186 (1.110)
p b 0.05 = 19

S10 Water temperature: Magnitude (winter) −0.430 (0.288) −0.125 (1.035) −0.114 (1.025)
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Table 1 (continued)

Node ID Term Direct pathways Indirect pathways Overall pathways

p b 0.05 = 1 p b 0.05 = 20 p b 0.05 = 21
• S11 Sediment organic matter −0.641 (0.623)

p b 0.05 = 2
−0.167 (1.058)
p b 0.05 = 20

−0.149 (1.057)
p b 0.05 = 21

S12 Sediment non-essential toxic substances (storm) −0.087 (0.017)
p b 0.05 = 0

0.008 (0.970)
p b 0.05 = 13

0.009 (0.970)
p b 0.05 = 13

S13 Surface water non-essential toxic substances (storm) −0.189 (0.024)
p b 0.05 = 0

−0.057 (0.990)
p b 0.05 = 17

−0.057 (0.990)
p b 0.05 = 17

• S14 Organic matter 1.101 (0.584)
p b 0.05 = 1

0.114 (0.979)
p b 0.05 = 15

0.112 (0.971)
p b 0.05 = 16

S15 Soil non-essential toxic substances 0.383 (0.154)
p b 0.05 = 0

−0.214 (1.100)
p b 0.05 = 17

−0.236 (1.076)
p b 0.05 = 17

• S16 Sediment nutrient accumulation rate (N, P, C) 2.192 (0.427)
p b 0.05 = 1

−0.377 (1.252)
p b 0.05 = 21

−0.395 (1.198)
p b 0.05 = 22

• S17 Oxygen 0.400 (0.572)
p b 0.05 = 2

0.129 (0.960)
p b 0.05 = 15

0.130 (0.966)
p b 0.05 = 15

S18 Groundwater non-essential toxic substances 0.630 (0.460)
p b 0.05 = 1

−0.217 (1.072)
p b 0.05 = 19

−0.226 (1.063)
p b 0.05 = 18

S19 Nutrients (N, P, C)
(long-term)

2.703 (0.251)
p b 0.05 = 0

1.415 (1.769)
p b 0.05 = 1

1.438 (1.778)
p b 0.05 = 1

S20 Soil nutrients (N, P, C) 0.108 (0.215)
p b 0.05 = 0

−0.105 (0.986)
p b 0.05 = 13

−0.109 (0.985)
p b 0.05 = 14

S21 Riparian/floodplain diversity −1.053 (0.764)
p b 0.05 = 2

0.157 (0.965)
p b 0.05 = 12

0.136 (0.969)
p b 0.05 = 12

S22 Soil organic matter −1.046 (0.794)
p b 0.05 = 1

0.895 (1.233)
p b 0.05 = 25

0.862 (1.222)
p b 0.05 = 26

S23 PAR 0.209 (0.078)
p b 0.05 = 0

−0.079 (0.971)
p b 0.05 = 13

−0.076 (0.971)
p b 0.05 = 13

• S24 Evapotranspiration 4.000 (0.523)
p b 0.05 = 2

1.971 (1.888)
p b 0.05 = 42

1.971 (1.880)
p b 0.05 = 43

• S25 Habitat quality 3.617 (0.335)
p b 0.05 = 1

1.021 (1.296)
p b 0.05 = 8

1.066 (1.327)
p b 0.05 = 9

• R01 Function (aquatic) −0.145 (1.275)
p b 0.05 = 13

−0.026 (0.939)
p b 0.05 = 24

−0.047 (0.970)
p b 0.05 = 27

• R02 Composition (aquatic) −0.489 (0.973)
p b 0.05 = 9

−0.379 (0.993)
p b 0.05 = 20

−0.398 (0.974)
p b 0.05 = 22

• R03 Composition (riparian) 1.428 (1.603)
p b 0.05 = 2

−0.310 (1.004)
p b 0.05 = 19

−0.305 (0.967)
p b 0.05 = 19

• R04 Function (riparian) 0.835 (0.077)
p b 0.05 = 0

−1.338 (1.168)
p b 0.05 = 4

−1.300 (1.175)
p b 0.05 = 4

• R05 Fecal coliform −2.007 (0.333)
p b 0.05 = 1

−2.553 (1.684)
p b 0.05 = 46

−2.554 (1.681)
p b 0.05 = 47

R06 Chlorophyll a 0.651 (0.060)
p b 0.05 = 0

0.764 (1.038)
p b 0.05 = 5

0.762 (1.038)
p b 0.05 = 5
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standardised threshold value (Norris et al., 2012): support for predicted
pathway (≥20 points in support, b20 points against); support for alter-
nate pathway (b20 in support, ≥20 against); inconsistent evidence
(≥20 in support, ≥20 against); and insufficient evidence (b20 in favour,
b20 against).

2.5. Quantitative meta-analysis

Network meta-analysis expands pairwise meta-analysis to combine
direct and indirect evidence for pathways across multiple nodes
(Schwarzer et al., 2015). The analysis combines individual lines of evi-
dence between nodes, allowing for single (P → P, P → S, S → S, P → R
or S → R) and multiple (P → S → R) pathways (Fig. 1). Data were ex-
tracted for studies where comparisons were made between reference
(non-urbanised) and impact (urbanised) samples and a frequentist net-
work meta-analysis model was developed. The standardised effect size
using Hedge's g was calculated for each pathway because it represents
an estimate of the standardised mean difference that is not biased by
small sample sizes (Gurevitch and Hedges, 2001). The network meta-
analysis was completed using a random-effects model that assumes
the observed estimates of treatment effect vary across studies because
of bothmeasured differences in addition to sampling variability: the in-
cluded evidence items were assumed to be a random sample from all
possible studies that met the inclusion criteria for the review (Riley
et al., 2011). This is particularly important for an ecological study
where the different nodes have a wide range of natural variation in
their values. Finally, potential publication bias was assessed via funnel
plots and the associated Egger's test via the meta package (version
4.9-2, Schwarzer, 2018). The network meta-analysis was completed
using the netmeta package (version 0.9-8, Rűcker et al., 2018) within
the R Environment (version 3.5.1, R Core Team, 2018).

3. Results

3.1. Pressure, stressor and receptor nodes

From the initial 1500 articles, only 8.7%met the standardised criteria
for inclusion but included floodplains from all major continents (Fig. 2).
Data were extracted from 131 studies for the analysis (Supplementary
Information 1), where the majority (~76%) were associated with multi-
ple node pathways; 34.4% of the studies were associated with both the
quantitative andweight-of-evidence analyses, 60.3%were only used for
the weight-of-evidence analysis, and 5.3% were used only for the quan-
titative network meta-analysis (Fig. 2). From the included studies, we
extracted 58 standardised nodes revealing 689 statistically significant
overall pathways from the network meta-analysis and 79 assessed
pathways from the weight-of-evidence approach.

3.2. Weight-of-evidence approach

Pathways represented 21 pressure, 14 stressor, and five receptor
nodes (Table 1). Evidence was available to assess directionality and
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support for 79 pairwise predicted pathways (P➝ P, P➝ S, P➝ R, S➝ S,
and S➝ R) (Fig. 3). Therewas insufficient evidence to reach conclusions
for themajority (54 of 79) of the predicted pathways, as they were only
represented by one or two lines of evidence. Of the remaining 25 path-
ways, we found support for 20 hypotheses, but found support for only
one alternate pathway (Fig. 3). Finally, inconsistent evidence was
found for four hypotheses, but these patterns were trending towards
support for each predicted pathway (Fig. 3).

Strong variation was observed in the number of pathways from differ-
ent nodes, with the majority of nodes linked with few lines of evidence
(Fig. 3). Inconsistent pathways had greater than average lines of evidence
(average = 19, SD = 11.1 for inconsistent pathways; average = 5, SD =
7.2 for all pathways). Indeed, only nine nodes were associated with N10
lines of evidence in the analysis, reflecting the strength of pathways associ-
ated with those nodes. Not surprisingly, heavily-supported nodes were as-
sociatedwith strongly supported hypotheses, with an average ratio of 0.93
(SD= 0.07) for support:alternate evidence weight for those pathways.

3.3. Quantitative network meta-analysis

From the 52 studies used in the network meta-analysis, 14 were
from pairwise node studies while the remaining 38 represented multi-
ple node studies. These pairwise and multiple node studies resulted in
936 pairwise comparisons, where pressure nodes represented 56.5% of
the primary nodes and 16.3% as secondary nodes (Fig. 4a). The 25
stressor nodes were associated with both primary and secondary
nodes in pathways (42.4% as primary, 46.4% as secondary) (Fig. 4a).
The six receptor nodes were primarily associated with secondary
nodes in each pathway (10.8% as primary, 37.3% as secondary)
(Fig. 4a). Between-node pathways (e.g. P → S, P → R, S → R) were ob-
served more frequently than within-node pathways (e.g. P → P, S → S,
R → R), 66.6% of pathways versus 33.4% of pathways, respectively.
Pairwise pathway representation from the evidence varied with nodes
(average Hedge's standardised treatment effect = 0.320, SD = 3.96),
where the majority of pairwise pathways were supported by evidence
but the number of evidence items was generally low (average number
of lines of evidence = 2.84, SD = 3.50).

A random-effects network meta-analysis model was developed
from 936 pairwise evidence items, resulting in a mixed treatment
Fig. 2. Location of studies used in the analyses. Blue circles represent studies only used in the
network meta-analysis, while yellow circles represent those in both analyses. Points are scaled
comparison with some closed loops within the network. The random-
effects networkmeta-analysis model yielded a generalised heterogene-
ity statistic, Qtotal, of 3114.53 (df = 879, p b 0.05) where Qwithin was
2041.57 (df = 637, p b 0.05) and Qbetween was 1072.96 (df = 242, p b

0.05). As Qtotal exceeds df, the additional evidence strengthens the
case that the excess dispersion is not zero and that the true effects
vary. The within-design heterogeneity was further explored, where
292 designs from the 769 lines of evidence were included in the analy-
sis.Within the 94 designs represented bymore than one study, 49 dem-
onstrated less heterogeneity between the contributing studies thanwas
expected by chance (p N 0.05). The random-effects model had a τ2 value
of 1.272, reflecting the true heterogeneity of the model, and an I2 value
of 71.8%, reflecting the proportion of observed dispersion that was due
to this heterogeneity. Themodel was assessed for the potential impacts
of publication bias on the results. First, data were examined via funnel
plots, which suggested some asymmetry around the mean effect size.
Egger's regression test and Spearman rank corrections were calculated
to quantify the potential bias. Results of the Spearman rank correlation
tests indicated a low correlation between standardised effect size and
standard error (n = 936, rs = 0.20, p b 0.05) and a significant relation-
ship between effect size and pooled sample size (n=936, rs=−0.14, p
b 0.05). Similarly, Egger's regression test was statistically significant for
both comparisons: between the standardised effect size and standard error
(t=2.62, df=934, p b 0.05) and between the standardised effect size and
the pooled sample size (t=−4.57, df=934, pb 0.05),whichmay indicate
bias towards larger effect sizes. Funnel plot assessments and statistical tests
indicated significant asymmetry in the dataset, but graphical comparisons
of regression lines showed that they were not significantly different. In-
deed, the results did not necessarily indicate significant publication bias in
our data, as data asymmetrymay also be attributable to true heterogeneity
in the dataset, reflecting the diverse node inputs (i.e. six different pressure
themes and multiple stressors and receptors) and indicated by the high
Qtotal from the original model (Nakagawa and Santos, 2012).

The sensitivity of the network meta-analysis to effect size outliers
was assessed using Rosenthal's method to estimate a fail-safe number.
The fail-safe number, which is the number of non-significant or missing
observations that would be needed to change the significance of our
findings (Rosenthal, 1979), was calculated using the fsn function within
the metafor package (version 2.0.0, Viechtbauer, 2017). The fail-safe
weight-of-evidence analysis, grey circles represent studies only used in the quantitative
by the number of lines of evidence extracted from the studies.



Fig. 3.Quantifiedpairwise pathwaysbetweennodes from theweight-of-evidence analysis (see
Table 1 for code descriptions). Colour of pathways represents level of support for predicted
pathways: Green pathways = support for predicted pathway; yellow pathways = support
for alternate pathway; dark blue pathways = inconsistent evidence where there is a large
amount of evidence both for and against the predicted pathway; and grey pathways =
insufficient evidence where there is not enough evidence to assess the predicted pathway.
Node size is relative to the number of lines of evidence supporting that node.
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number was estimated as 1598 (N 936, the number of input pathways)
using a target alpha level of 0.05 as compared with the observed signif-
icance of 0.034, suggesting that the results are reliable despite the ob-
served asymmetry (Rosenthal, 1979). A secondary trim and fill
analysis was completed using the metafor package (version 2.0.0,
Viechtbauer, 2010) to quantify the impact of missing observations on
the meta-analysis (Nakagawa and Santos, 2012). The trim and fill anal-
ysis identified 64 pathways as potential outliers needed to restore sym-
metry, but the corrected random-effects model with 64 added
pathways performed poorly (p N 0.05) with a τ2 value of 2.2471 and
an I2 value of 81.9%.

We observed 79 statistically significant direct pairwise pathways (p
b 0.05; Fig. 4b). The directionality of the supported pathways was gen-
erally positive (60.8% vs. 39.2%) and generally associated with P → P, P
→ S or S → S pathways (Fig. 4b). Overall, there were few significant
pathways linking pressures or stressors to the ecological receptors
(12.7% of the significant direct pathways) and directionality was gener-
ally both positive and negative. However, the supported overall direct
pathways generally had a high standardised treatment effect
(average = 4.22, SD = 4.30), but this did not often reflect those
pairwise pathways with high evidence weight. For example, P01
(impervious surface) → S01 (short-term N, P, C nutrients) had the
greatest amount of evidence, but the standardised treatment effect
for this pathway was not statistically significant (p N 0.05), likely
reflecting the mixed directionality for this pathway. This does not
mean that there is no effect, but instead that the directionality of
the pathway may change depending on the study and likely quanti-
fying different pathways. The indirect pairwise pathways were
heavily supported in the analysis, with 668 statistically significant
(p b 0.05) pathways observed (Fig. 4c). On average, the standardised
treatment effect for these significant pathways was weaker than the
direct pathways (average = 2.43, SD = 1.21) (Fig. 4c). Pathways
were generally within-node (e.g. P→ P or S→ S) or between specific
node types (i.e. P → S). Receptor nodes were only associated with
9.7% of the overall pathways (but 17.2% of the significant overall
pathways), and they were generally negative (70.6% of the signifi-
cant overall pathways) in their directionality (Fig. 4d). The strongest
indirect pathways were heavily associated with pressure nodes, par-
ticularly P09 (deposition) and P21 (substrate size), which accounted
for over half of the strongest indirect pathways (Fig. 4c). Finally, for
the overall pairwise standardised treatment effect, 649 (69.3%) sta-
tistically significant pathways (p b 0.05) were observed, with the
strongest pathways generally mirroring those from the indirect
pathways (Fig. 4d). Again, the overall standardised treatment effect
was weaker than the direct standardised treatment effect (average =
2.39, SD = 1.20), and pathways were generally associated with P → P,
P → S or S → S pathways (81.9% of the overall pathways) (Fig. 4d).

4. Discussion

We illustrated the potential for the wider application of a
mechanism-based, data-driven DPSIR framework that can directly inte-
grate available data with published literature to quantify directly mea-
sured pathways and indirectly inferred pathways via both weight-of-
evidence and quantitative network meta-analysis. Using standardised
data extraction methods, the two analytical approaches were comple-
mentary and supported the formal assessment of urbanisation impacts
in floodplain ecosystems by testing our predicted direct pathways and
identifying key indirect pathways that warrant additional exploration.
Specifically, these approaches allowedus to 1) develop amechanistic un-
derstanding of how urbanisation has impacted freshwater and associ-
ated riparian systems, 2) highlight knowledge gaps in our mechanistic
understanding of these impacts, and 3)makehypotheses about howpre-
viously unknown or poorly-studied pathways of urbanisation impacts
are expected to affect these ecosystems and their functional attributes.

The 77 significant direct pathways in the network meta-analysis
generally mirrored the supported pathways from the weight-of-
evidence approach. The significant direct pathways were dominated
by physical properties and processes (e.g., flow (magnitude), slope, ero-
sion) as pressures on a subset of stressors and receptors (e.g., short-term
nutrients (N, P, C), LWD, aquatic composition and function). These direct
results highlight the benefit of both the network meta-analysis and the
weight-of-evidence approaches, as they strengthen support by combin-
ing information for these pathways, thereby informing theDPSIR frame-
work structure.

The structure of the overall treatment effects from the network
meta-analysis was heavily influenced by indirect pathways, which
were not explicitly measured in studies within this analysis. Indirect
pathways help to identify knowledge and data gaps, and also provide
a framework for developing new pathways that can be further tested
provided they are biologically meaningful; for example, a decrease in
floodplain wetted area → decrease in LWD could be driven by a loss of
riparian area and a loss of LWD sources. The indirect pathways were
sometimes limited by available data and node information; the indirect
pathway showing a decrease in substrate size → decrease in aquatic
composition, for instance, bypassed the stressor component of the path-
way. However, indirect pathways overall did provide context and a
mechanistic understanding for complex and unexpected patterns ob-
served in the literature. For example, while only 5 studies (3.8%) from
our corpus considered receptor-receptor linkages, and none (0 of 4) of
the direct pathways covered by those studieswere significant, 5 indirect
pathways were significant (n = 14 total); indirect pathways like these
could provide support for receptor-receptor feedback loops, which are
difficult to study but may be common in natural systems. A recent
meta-analysis of multiple stressors in freshwater systems revealed
that the net effects, across all stressor pairs and response metrics,
were consistently antagonistic or additive (Jackson et al., 2016); how-
ever, while this synthesis summarisedmultiple stressor effects in fresh-
water systems, it was unable to reveal indirect pathways, and, therefore,



Fig. 4. Quantified pathways between nodes (see Table 1 for code description). The size of individual nodes represents the number of lines of evidence supporting that node. (a) Thickness of lines
represents the log-transformed weights from random effects model for pairwise node comparisons. The colour of the lines and nodes represents the pathway node source category: pressures are
black, stressors are mid-grey and receptors are light grey; (b) Thickness of lines represents standardised treatment effect between two nodes for direct pathways. The colour of the lines
represents the direction of the pathway: positive pathways are grey and negative pathways are orange; (c) Thickness of lines represents the standardised treatment effect between two nodes for
indirect pathways. Line colour as for (b); (d) Thickness of lines represents the overall standardised treatment effect between two nodes. Line colour as for (b). For figures (b) - (d),
only statistically significant (p b 0.05) pathways are shown and node size as for (a).
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provide a mechanistic understanding of multiple stressor effects. A net-
work meta-analysis approach, like the one we have illustrated here,
could further improve our understanding of freshwater systems, illus-
trating hidden mechanisms of the observed patterns and providing
hypothesised pathways for future study.

4.1. Response complexity of biodiversity and ecosystem function to
urbanisation

Previous assessments of the impacts of urbanisation have elucidated
how urbanisation is associated with loss of vegetation (habitat) and the
simplification of vegetative structure (McKinney, 2008) and remaining
habitat (Marzluff and Ewing, 2001). Such factors are known to decrease
the biodiversity of animals whose diversity correlates with vegetative
complexity and plant species richness, such as birds and aquatic fauna
(Savard et al., 2000). Urbanisation is also strongly associated with in-
creases in contaminants (e.g. heavymetals, pesticides, pharmaceuticals,
nitrogen, sewage) and sedimentationwithinwater systems (Mekonnen
andHoekstra, 2015; Schuler andRelyea, 2018; Strokal et al., 2018). Such
contaminants have been linked to reduced biodiversity in both stream
(e.g., fish and macroinvertebrates) (Beasley and Kneale, 2002; Muñoz
et al., 2016; Bere et al., 2016) and groundwater (e.g. stygofauna)
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systems (Boulton et al., 2003; Gibert et al., 2009). Lastly, urbanisation
has been strongly linked to changes in hydrological patterns; such
changes can profoundly alter habitat availability and diversity,
impacting species composition, productivity, and ecosystem function-
ing (Junk et al., 2006). Most of these patterns were also observed and
quantified via both direct and indirect pathways in our meta-analysis,
but our approach allowed us to place these results in the context of
the wider framework and identify novel hypotheses from the network.

The mixed responses, in terms of significance, magnitude, and path
direction, documented in our network meta-analysis are surprising
given what we know about how urbanisation is expected to affect
biodiversity and ecosystem function. The general lack of strong direc-
tionality across a majority of nodes in our analysis may reflect the
homogenising driver of urbanisation (McKinney, 2008; Alvey, 2006).
This homogenisation effect can have a complicated and divisive influ-
ence on local biodiversity due to complex ecological responses and tol-
erances to single and multiple stressors and pressures (McKinney,
2008).

Spatial and temporal heterogeneity could also reflect apparent con-
tradictions between predicted pathways and those quantified within
our analyses. Within shorter periods, species invasions within urban
landscapes can actively outpace species loss, particularly for smaller or
less mobile organisms that can capitalise on heterogeneous habitat
patches (McKinney, 2002, 2006; Tait et al., 2005). Initial increases in
alpha richness reflect the greater spatial diversity in habitat patches,
which is generally caused by changes to habitat structure and increased
invasion at the broader scale, leading to increases in beta diversity
(Niemelä, 1999; Aronson et al., 2014). However, these changes can be
highly scale dependent (Hogsden and Hutchinson, 2004); for example,
urbanisation yielded net increases in channel size via flow changes and
erosional processes (supported via weight-of-evidence analysis) but at
the broader floodplain scale, channel area was reduced via increased
impervious surfaces and loss of riparian zones (supported by both net-
work meta-analysis and weight-of-evidence approach). Four pathways
were classified as inconsistentwithin ourweight-of-evidence approach,
likely reflecting the highly variable responses of the studies. For exam-
ple, we predicted that increases in surface water non-essential toxic
substances would result in a net decrease in aquatic composition.
While there was a large amount of support for this predicted pathway,
the direction of the response was mixed, suggesting that the inconsis-
tencies may reflect the broad nature of the categories (i.e., different
non-essential toxic substances have different toxicity impacts).

A final explanation for the variability in the responses and deviation
from some of our predicted pathways could be due to methodological
decisions made during our analyses. First, variation in direct pathways
between nodes may also occur because they incorporate signals of
unquantified patterns (Harris and Heathwaite, 2005; Heathwaite,
2010). This may be reflected in our network meta-analysis, where
many more indirect compared to direct pathways were identified
(668 significant indirect pathways versus 79 significant direct path-
ways). This is not surprising given that the internal pathways in our
study were complex and often driven by variation along a spatio-
temporal gradient. Indeed, impacts of pressures and stressors acting
within an urban landscape are highly varied across both space and
time, leading to long-term, cumulative effects. This high heterogeneity
is reflected in the 58 nodes within the analyses, which themselves
often consist of multiple terms from single and multiple pressure or
stressor studies. Second, the variation in standardised treatment effects
may also reflect the fact that the weight-of-evidence approach used
only studies with significant pathways, while the network meta-
analysis considered all possible pathways. The strength of between-
node pathways was driven by both study design (in the weight-of-
evidence approach) and consistency (in both analyses), where quanti-
tative pathways with inconsistent directionality were associated with
an absence of statistically significant pathways between respective
nodes, regardless of the size of the standardised treatment effect.
Consequently, real biological pathways governed by many factors of
small effect or by many indirect mechanisms would be overlooked by
the weight-of-evidence approach. Indeed, it was surprising that addi-
tional pathways were not supported via either the weight-of-evidence
approach or the direct treatment effects from the network meta-
analysis despite the large amount of evidence within both analyses.
This may be due to a lack of suitable data for our analyses, with thema-
jority of data being local and having a subject-specific focus, thereby
precluding a broader understanding of linkages among pressures,
stressors, and receptors. This is particularly evident given the stronger
support for both direct and indirect pathways associatedwith pressures
and stressors, but not with receptors, which are generally biological
endpoints measured during biomonitoring. Third, the varying support
for individual pathwaysmay reflect themixed directionality of receptor
responses, given the broad ecological categories (e.g., “aquatic function”
or “aquatic composition”).

Collectively, these mechanisms could explain the mixed biological
responses of composition and function in our meta-analysis. The six
receptor variables associated with aquatic or riparian function were
not statistically significant and did not demonstrate a strong mean
standardised effect size for either their direct or indirect pathways.
However, aquatic and riparian composition were generally stronger in
their pathway strengths and statistical significance, although these
were still weak in comparison with P→ P or P→ S pathways. Urbanisa-
tion severity varied across the studies in our meta-analysis, such that
studies looking at moderate urban gradients sometimes showed posi-
tive biotic responses, while those with extreme gradients showed neg-
ative responses; thus, mixed responses could have led to net weak or
neutral effects or variation in the direction of responses among nodes.
This interpretationwould be supported by the intermediate disturbance
hypothesis (Connell, 1978). In the context of urbanisation, this hypoth-
esis predicts that moderate levels of human disturbance will promote
the coexistence of many types of species, including early successional
native species as well as introduced species (Zerbe et al., 2003). This hy-
pothesis has been supported in several urban studies, where species
richness increases at intermediate levels of urbanisation (Blair and
Launer, 1997; Germaine and Wakeling, 2001; Marzluff, 2001, 2005;
Leveau and Leveau, 2005). Additionally, spatial heterogeneity can lead
to a specific case of the intermediate disturbance hypothesis, called
the disturbance heterogeneitymodel (Porter et al., 2001), where the in-
termediate state is defined spatially as opposed to temporally, and re-
views of urban ecology demonstrate how the spatial diversity of urban
habitats promotes higher beta diversity (spatial turnover) in some tax-
onomic groups (Rebele, 1994; Niemelä, 1999). This mechanism is par-
ticularly true for plants, and to a lesser degree invertebrates, which
have relatively small geographic ranges (Gaston et al., 1998), but verte-
brates are less likely to show increased species richness in urbanhabitats
because of the large spatial scale required to maintain viable population
sizes. The mixed nature of our biotic responses (i.e., grouping all organ-
ism responses together), therefore, could also explain the limited or
weak biotic responses to pressures and stressors in our meta-analysis.

4.2. Information gaps, limitations of multiple-stressor studies, and areas in
need of research focus

A high-level outcome of our weight-of-evidence approach and net-
work meta-analysis is that we were able to quantify and visualise gaps
in the literature related to multiple stressors in urbanised systems.
While there was abundant, statistically significant evidence supporting
P➝ P, P➝ S, and S➝ S pathways, there was much less direct evidence
supporting ecological receptor nodes (i.e., composition and function)
(Fig. 3, Fig. 4a). Ecological receptors, which are often themeasured end-
points for routinemonitoring, were only examined 18% of the studies in
our analysis. When studies did look at the influence of urbanisation on
ecological receptors, they often assessed only the impact of percent im-
pervious surfaces or single pressure-receptor or stressor-receptor
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pathways. This underscores the importance of studies reporting com-
plete pressure-stressor-receptor linkages, allowing for the assessment
of mechanisms underlying responses by which urbanisation influences
biodiversity and ecosystem function. Among the pathways including
ecological receptors in our corpus of literature (38.0% of pathways for
the network meta-analysis), most looked at biodiversity and commu-
nity structure (35.1%) or ecosystem function (50.0%), or linked
pressures, stressors, or biodiversity patterns to ecosystem function, es-
pecially in amultiple stressor studies. However, the ecological receptors
were pooled in our study to maximise the strength of pathway evi-
dence, and so in the future it will be important to examine the multiple
stressor context for specific functions, evaluating them from an ecosys-
tem services perspective (sensu Allan et al., 2013; Acuña and Garcia,
2019).

Despite the few multi-arm studies that include ecological receptors
in the literature, our use of network meta-analysis enabled quantifica-
tion of not only observed, direct links among pressures, stressors, and
receptors, but also indirect links, enabling a more holistic multiple-
stressors perspective. These indirect pathways elucidated between-
habitat pathways, for example between surface and sub-surface pro-
cesses, which are difficult to measure. Specifically, assessment of indi-
rect pathways enabled quantification of path significance and path
strength of linkages that have not been documented in the literature.
This allows us to glean information onwhich nodes and pathwaysmiss-
ing from the literature are likely to be important, providing a framework
for hypothesis generation for future studies and research.

Observations about information gaps identified in our study gener-
ally corroborate and extend what we know from other meta-analyses
and reviews on urbanisation. While many case studies document how
urbanisation is associated with different aspects of biodiversity, we do
not have a strong consensus on the commonalities and context depen-
dence of these impacts across urban systems, especially when it comes
to understanding themechanismsbywhichurbanisation impacts biodi-
versity in ecological systems (Roy et al., 2016). Additionally, whilemany
studies of urban-rural gradients describe the spatial effects of urbanisa-
tion on species-richness by examining changes along an intensity
gradient (McKinney, 2002; Marzluff, 2001; Chace and Walsh, 2006),
temporal studies in urban areas are rare (McKinney, 2008). Accurate,
detailed urban inventories of biota are unavailable for long periods,
likely because of funding limitations, changing environmental values,
and changing political administrations, which affect the perpetuity of
most long-term monitoring programs. Information on urbanisation is
particularly scarce in developing countries, which face limited funding,
a dearth of qualified and dedicated professionals, and a lack of planning
for information systems associated with urban development projects
(Madon and Sahay, 2018). The lack of scientific research and ecological
resource management programs in developing countries facing rapid
urbanisation (Glaeser and Henderson, 2017; Madon and Sahay, 2018;
Roy et al., 2016; Fig. 2) underscores the importance of aligning scientific
priorities with stakeholder interests in lower-income urban areas, be-
cause 1) impoverished people are disproportionately affected by urban-
isation, especially at high levels of urbanisation (Stephens et al., 1997;
Moore et al., 2003; Liddle, 2017), 2) scientific study in these regions
can benefit from a wider global coverage of the impacts of urbanisation
anduncover novel disturbancemechanisms (Roy et al., 2016), and3) in-
creased scientific attention and funding for research in these areas can
increase engagement of local communities and enhance environmental
management (Allen, 2003; Roy et al., 2016).

4.3. Importance of multiple stressor approaches to understand ecosystem
complexity in a changing world

Our study highlights the value of assessingmultiple stressors in eco-
system management, an approach that has been strongly advocated
(Tockner et al., 2010; Baird et al., 2016; Dafforn et al., 2016; Griffen
et al., 2016), but is rarely quantified (Van den Brink et al., 2016). It
also reveals the deeper complexity of floodplain ecosystems, and the in-
teractions among pressures, stressors and receptors influencing their
response to urbanisation. By taking a multiple stressor approach we
can reveal the complex pathways bywhich individual stressors interact
to impact ecosystem functioning, especially in context of anthropogenic
environmental change. Adopting an analytical approach that considers
multiple stressors is particularly important from a management stand-
point, since stressors will interact, impacting ecosystems: additive,
non-additive, antagonistic, and synergistic effects have all been docu-
mented in freshwater systems (Folt et al., 1999; Coors and De
Meester, 2008; Townsend et al., 2008; Ormerod et al., 2010; Piggott
et al., 2015; Jackson et al., 2016). Despite this knowledge, most studies
fail to embrace this complexity, measuring only a few of the many
stressors, often in controlled, unnatural settings such as laboratories or
field mesocosms. The oversimplification of these reductionist studies
can lead to erroneous conclusions about the impact of stressors on eco-
logical receptors, as interactive, indirect, or unmeasured stressors are
often important, especially in highly impacted systems.

Our DPSIR-based multi-stressor methodology moves beyond “faith-
based” approaches (sensu Hilbourn, 2006), supporting quantitative,
evidence-based decision making, while avoiding the confirmation bias
of expert panels (Baird et al., 2015). We deliberately chose floodplains
as the focus for this paper, not only because they are among the most
threatened of freshwater ecosystems, but because they exemplify the
type of system which should be managed explicitly within a multiple-
stressor framework. In doing so, we have given examples of neglected
or hidden pathways of effect, providing quantitative evidence of the
need to consider these pathways not only when observing and
assessing the state of floodplains, but also to support their ‘wise use’
(sensu Finlayson et al., 2005) for science-informed decision-making. Be-
cause it allows adaptation to changing conditions and goals, the frame-
work provides a flexible yet structured system to hypothesise and
quantify pathways within a highly complex, multiple-node environ-
ment where the monitored ecosystem component (usually the recep-
tor) is affected by multiple pressures and stressors occurring across
different spatio-temporal scales. As we are faced with unprecedented,
accelerating anthropogenic environmental change (Steffen et al., 2015,
2018), it is no longer acceptable to ignore the complexity of multiple-
stressor systems. We now have the tools to tackle this complexity, and
we must do so, acknowledging that while the resulting outcomes may
be imperfect, they are still vital to inform sustainable development prac-
tices in the human-dominated ecosystems of the Anthropocene.

Supplementary data to this article can be found online at https://doi.
org/10.1016/j.scitotenv.2019.02.253.

Acknowledgements

We would like to thank everyone who participated in the self-
organised ‘Make Aquatic Ecosystems Great Again’ (MAEGA) workshop
held in September 2017 at Wageningen University, The Netherlands,
of which this paper is a primary output. Workshop attendance by ZGC,
WAM and NR was supported by Natural Sciences and Engineering Re-
search Council of Canada Collaborative Research and Development
grant (NSERC CRD CRDPJ 462708-13) funding awarded to DJB and
others, and through Environment and Climate Change Canada program
funds and a Federal ScienceWork Experience Programaward to NR.We
would like to thankMatilda Kattilakoski for her support with data entry
and Jonathan Tonkin for sharing R code for figure generation. We also
thank Steve Ormerod and a second reviewer for their constructive feed-
back that have improved the manuscript.

References

Acuña, V., Garcia, X., 2019. Chapter 17: managing ecosystem services under multiple
stresses. In: Sabater, S., Elosegi, A., Ludwig, R. (Eds.), Multiple Stressors in River Eco-
systems: Status. Impacts and Prospects for the Future. Elsevier, Amsterdam,
pp. 303–313.

https://doi.org/10.1016/j.scitotenv.2019.02.253
https://doi.org/10.1016/j.scitotenv.2019.02.253
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0005
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0005
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0005
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0005


751W.A. Monk et al. / Science of the Total Environment 684 (2019) 741–752
Allan, J.D., McIntyre, P.B., Smith, S.D., Halpern, B.S., Boyer, G.L., Buchsbaum, A., et al., 2013.
Joint analysis of stressors and ecosystem services to enhance restoration effective-
ness. Proc. Nat. Acad. Sci. 110, 372–377. https://doi.org/10.1073/pnas.1213841110.

Allen, A., 2003. Environmental planning and management of the peri-urban interface:
perspectives on an emerging field. Environ. and Urbaniz. 15, 135–148. https://doi.
org/10.1177/095624780301500103.

Alvey, A.A., 2006. Promoting and preserving biodiversity in the urban forest. Urban For.
Urban Greening. 5, 195–201. https://doi.org/10.1016/j.ufug.2006.09.003.

Aronson, M.F.J., La Sorte, F.A., Nilon, C.H., Katti, M., Goddard, M.A., Lepczyk, C.A., et al.,
2014. A global analysis of the impacts of urbanization on bird and plant diversity re-
veals key anthropogenic drivers. Proc. Royal Soc. B. 281, 20133330. https://doi.org/
10.1098/rspb.2013.3330.

Arthington, A.H., Naiman, R.J., McClain, M.E., Nilsson, C., 2010. Preserving the biodiversity
and ecological services of rivers: new challenges and research opportunities. Freshw.
Biol. 55, 1–16. https://doi.org/10.1111/j.1365-2427.2009.02340.x.

Baird, D.J., Van den Brink, P., Chariton, A.A., Dafforn, K.A., Johnston, E.L., 2015. New diag-
nostics for multiply stressed marine and freshwater ecosystems: integrating models,
ecoinformatics and big data. Mar. Freshw. Res. 67, 391–392. https://doi.org/10.1071/
MF15330.

Baird, D.J., Van den Brink, P.J., Chariton, A.A., Dafforn, K.A., Johnston, E.L., 2016. New diag-
nostics for multiply stressed marine and freshwater ecosystems: integrating models,
ecoinformatics and big data. Marine Freshw. Res. 67, 391–392. https://doi.org/
10.1071/MF15330.

Beasley, G., Kneale, P., 2002. Reviewing the impact of metals and PAHs on macroinverte-
brates in urban watercourses. Prog. Physical Geog. 26, 236–270. https://doi.org/
10.1191/0309133302pp334ra.

Bere, T., Dalu, T., Mwedzi, T., 2016. Detecting the impact of heavy metal contaminated
sediment on benthic macroinvertebrate communities in tropical streams. Sci. Tot.
Env. 572, 147–156. https://doi.org/10.1016/j.scitotenv.2016.07.204.

Bergeron, O., Strachan, I.B., 2012. Wintertime radiation and energy budget along an ur-
banization gradient in Montreal, Canada. Int. J. Climatol. 32, 137–152. https://doi.
org/10.1002/joc.2246.

Blair, R.B., Launer, A.E., 1997. Butterfly diversity and human land use: species assemblages
along an urban gradient. Biol. Conserv. 80, 113–125. https://doi.org/10.1016/S0006-
3207(96)00056-0.

Bosma, C., Glenk, K., Novo, P., 2017. How do individuals and groups perceive wetland
functioning? Fuzzy cognitive mapping of wetland perceptions in Uganda. Land Use
Pol. 60, 181–196. https://doi.org/10.1016/j.landusepol.2016.10.010.

Boulton, A.J., Humphreys, W.F., Eberhard, S.M., 2003. Imperilled subsurface waters in
Australia: biodiversity, threatening processes and conservation. Aq. Eco. Health
Manag. 6, 41–54. https://doi.org/10.1080/14634980301475.

Brinson, M.M., Malvárez, A.I., 2002. Temperate freshwater wetlands: types, status, and
threats. Env. Cons. 29, 115–133. https://doi.org/10.1017/S0376892902000085.

Brunke, M., Gonser, T.O.M., 1997. The ecological significance of exchange processes be-
tween rivers and groundwater. Freshw. Biol. 37, 1–33. https://doi.org/10.1046/
j.1365-2427.1997.00143.x.

Chace, J.F., Walsh, J.J., 2006. Urban effects on native avifauna: a review. Lands. Urban Plan.
74, 46–69. https://doi.org/10.1016/j.landurbplan.2004.08.007.

Connell, J.H., 1978. Diversity in tropical rain forests and coral reefs. Sci. 199, 1302–1310.
https://doi.org/10.1126/science.199.4335.1302.

Coors, A., De Meester, L., 2008. Synergistic, antagonistic and additive effects of
multiple stressors: predation threat, parasitism and pesticide exposure in
Daphnia magna. J. Appl. Ecol. 45, 1820–1828. https://doi.org/10.1111/j.1365-
2664.2008.01566.x.

Dafforn, K.A., Johnston, E.L., Ferguson, A., Humphrey, C.L., Monk, W.A., Nichols, S.J., et al.,
2016. Big data opportunities and challenges for assessing multiple stressors across
scales in aquatic ecosystems. Mar. Freshw. Res. 67, 393–413. https://doi.org/
10.1071/MF15108.

Davidson, N.C., 2014. How much wetland has the world lost? Long-term and recent
trends in global wetland area. Mar. Freshw. Res. 65, 934–941. https://doi.org/
10.1071/MF14173.

Faulkner, S., 2004. Urbanization impacts on the structure and function of forested wetlands.
Urban Ecosyst. 7, 89–106. https://doi.org/10.1023/B:UECO.0000036269.56249.66.

Finlayson, C.M., Bellio, M.G., Lowry, J.B., 2005. A conceptual basis for the wise use of wet-
lands in northern Australia - linking information needs, integrated analyses, drivers
of change and human well-being. Mar. Freshw. Res. 56, 269–277. https://doi.org/
10.1071/MF04077.

Finlayson, C.M., Davidson, N., Pritchard, D., Milton, G.R., MacKay, H., 2011. The Ramsar
convention and ecosystem-based approaches to the wise use and sustainable devel-
opment of wetlands. J. Int. Wildl. Law and Policy 14, 176–198. https://doi.org/
10.1080/13880292.2011.626704.

Flinn, K.M., Lechowicz, M.J., Waterway, M.J., 2008. Plant species diversity and composition
of wetlands within an upland forest. Am. J. Bot. 95, 1216–1224. https://doi.org/
10.3732/ajb.0800098.

Folt, C.L., Chen, C.Y., Moore, M.V., Burnaford, J., 1999. Synergism and antagonism amongmul-
tiple stressors. Limnol. Oceanog. 44, 864–877. https://doi.org/10.4319/lo.1999.44.3_part_
2.0864.

Gaston, K.J., Quinn, R.M., Blackburn, T.M., Eversham, B.C., 1998. Species-range size distribu-
tions in Britain. Ecography 21, 361–370. https://doi.org/10.1111/j.1600-0587.1998.
tb00401.x.

Germaine, S.S., Wakeling, B.F., 2001. Lizard species distributions and habitat occupation
along an urban gradient in Tucson, Arizona, USA. Biol. Consserv. 97, 229–237.
https://doi.org/10.1016/S0006-3207(00)00115-4.

Gibert, J., Culver, D.C., Dole-Olivier, M.J., Malard, F., Christman, M.C., Deharveng, L., 2009.
Assessing and conserving groundwater biodiversity: synthesis and perspectives.
Freshw. Biol. 54, 930–941. https://doi.org/10.1111/j.1365-2427.2009.02201.x.
Glaeser, E., Henderson, J.V., 2017. Urban economics for the developing world: an intro-
duction. J. Urban Econ. 98, 1–5. https://doi.org/10.1016/j.jue.2017.01.003.

Greenland-Smith, S., Brazner, J., Sherren, K., 2016. Farmer perceptions of wetlands and
waterbodies: using social metrics as an alternative to ecosystem service valuation.
Ecol. Econ. 126, 58–69. https://doi.org/10.1016/j.ecolecon.2016.04.002.

Griffen, B.D., Belgrad, B.A., Cannizzo, Z.J., Knotts, E.R., Hancock, E.R., 2016. Rethinking our
approach to multiple stressor studies in marine environments. Mar. Ecol. Prog. Ser.
543, 273–281. https://doi.org/10.3354/meps11595.

Grimm, N.B., Foster, D., Groffman, P., Grove, J.M., Hopkinson, C.S., Nadelhoffer, K.J., et al.,
2008. The changing landscape: ecosystem responses to urbanization and pollution
across climatic and societal gradients. Front. Ecol. Env. 6, 264–272. https://doi.org/
10.1890/070147.

Gurevitch, J., Hedges, L.V., 2001. Design and Analysis of Ecological Experiments. second
ed. Oxford University Press, Oxford.

Harris, G., Heathwaite, A.L., 2005. Inadmissible evidence: knowledge andprediction in land
and riverscapes. J. Hydrol. 304, 3–19. https://doi.org/10.1016/j.jhydrol.2004.07.020.

Heathwaite, A.L., 2010. Multiple stressors on water availability at global to catchment
scales: understanding human impact on nutrient cycles to protect water quality
and water availability in the long term. Freshw. Biol. 55, 241–257. https://doi.org/
10.1111/j.1365-2427.2009.02368.x.

Hilbourn, R., 2006. Faith-based fisheries. Fish. 31, 554–555.
Hogsden, K.L., Hutchinson, T.C., 2004. Butterfly assemblages along a human disturbance

gradient in Ontario, Canada. Can. J. Zool. 82, 739–748. https://doi.org/10.1139/z04-
048.

Hu, S., Niu, Z., Chen, Y., Li, L., Zhang, H., 2017. Global wetlands: potential distribution, wet-
land loss, and status. Sci. Total Environ. 586, 319–327. https://doi.org/10.1016/j.
scitotenv.2017.02.001.

Jackson, M.C., Loewen, C.J., Vinebrooke, R.D., Chimimba, C.T., 2016. Net effects of multiple
stressors in freshwater ecosystems: a meta-analysis. Glob. Chang. Biol. 22, 180–189.
https://doi.org/10.1111/gcb.13028.

Junk, W.J., Nunes da Cunha, C., Wantzen, K.M., Petermann, P., Strüssmann, C., Marques,
M.I., Adis, J., 2006. Biodiversity and its conservation in the Pantanal of Mato Grosso,
Brazil. Aquat. Sci. 68, 278–309. https://doi.org/10.1007/s00027-006-0851-4.

Kelsey, K.A., West, S.D., 1998. Riparian wildlife. In: Naiman, R.J., Bilby, R.E. (Eds.), River
Ecology and Management: Lessons from the Pacific Coastal Ecoregion. Springer-
Verlag, New York, pp. 235–258.

Kentula, M.E., Gwin, S.E., Pierson, S.M., 2004. Tracking changes inwetlands with urbaniza-
tion: sixteen years of experience in Portland, Oregon, USA. Wetlands 24, 737–743.

Knopf, F.L., Samson, F.B., 1994. Scale perspectives on avian diversity in western riparian eco-
systems. Conserv. Biol. 8, 669–676. https://doi.org/10.1046/j.1523-1739.1994.08030669.
x.

Lee, S.Y., Dunn, R.J.K., Young, R.A., Connolly, R.M., Dale, P.E.R., Dehayr, R., et al., 2006. Im-
pact of urbanization on coastal wetland structure and function. Austral Ecol. 31,
149–163. https://doi.org/10.1111/j.1442-9993.2006.01581.x.

Leveau, C.M., Leveau, L.M., 2005. Avian community response to urbanization in the Pam-
pean region, Argentina. Ornitologia Neotropical 16, 503–510.

Liddle, B., 2017. Urbanization and inequality/poverty. Urban Sci. 1, 35. https://doi.org/
10.3390/urbansci1040035.

Loreau, M., Mouquet, N., Holt, R.D., 2003. Meta-ecosystems: a theoretical framework for a
spatial ecosystem ecology. Ecol. Lett. 6, 673–679. https://doi.org/10.1046/j.1461-
0248.2003.00483.x.

Madon, S., Sahay, S., 2018. 14. Urbanisation and megacities in developing countries: The
management challenge. In: Avgerou, C., Walsham, G. (Eds.), Information Technology
in Context: Studies from the Perspective of Developing Countries. Routledge, New
York.

Marzluff, J.M., 2001. Worldwide urbanization and its effects on birds. In: Marzluff, J.M.,
Bowman, R., Donnelly, R. (Eds.), Avian Ecology and Conservation in an Urbanizing
World. Springer, Boston, pp. 19–47.

Marzluff, J.M., 2005. Island biogeography for an urbanizing world: how extinction and
colonization may determine biological diversity in human-dominated landscapes.
Urban Ecosyst. 8, 157–177.

Marzluff, J.M., Ewing, K., 2001. Restoration of fragmented landscapes for the conservation
of birds: a general framework and specific recommendation for urbanizing landscapes.
Restor. Ecol. 9, 280–292. https://doi.org/10.1046/j.1526-100x.2001.009003280.x.

May, C.W., Horner, R., Karr, J.R., Mar, B., Welch, E., 1997. Effects of urbanization on small
streams in the Puget Sound lowland ecoregion. Watershed Protection Techniques 2,
483–494.

McGrane, S.J., 2016. Impacts of urbanisation on hydrological and water quality dynamics,
and urban water management: a review. Hydrol. Sci. J. 61, 2295–2311. https://doi.
org/10.1080/02626667.2015.1128084.

McKinney, M.L., 2002. Urbanization, biodiversity, and conservation: the impacts of urban-
ization on native species are poorly studied, but educating a highly urbanized human
population about these impacts can greatly improve species conservation in all eco-
systems. BioSci. 42, 883–890. https://doi.org/10.1641/0006-3568(2002)052[0883:
UBAC]2.0.CO;2.

McKinney, M.L., 2006. Urbanization as a major cause of biotic homogenization. Biol.
Conserv. 127, 247–260. https://doi.org/10.1016/j.biocon.2005.09.005.

McKinney, M.L., 2008. Effects of urbanisation on species richness: a review of plants and
animals. Urban Ecosyst. 11, 161–176. https://doi.org/10.1007/s11252-007-0045-4.

Mekonnen, M.M., Hoekstra, A.Y., 2015. Global gray water footprint and water pollution
levels related to anthropogenic nitrogen loads to fresh water. Environ. Sci. Technol.
49, 12860–12868. https://doi.org/10.1021/acs.est.5b03191.

Moore, M., Gould, P., Keary, B.S., 2003. Global urbanization and impact on health. Internat.
J. Hygiene Environ. Health 206, 269–278. https://doi.org/10.1078/1438-4639-00223.

Morgan, R.P., Cushman, S.F., 2005. Urbanization effects on stream fish assemblages in
Maryland, USA. J. N. Am. Benthol. Soc. 24, 643–655.

https://doi.org/10.1073/pnas.1213841110
https://doi.org/10.1177/095624780301500103
https://doi.org/10.1177/095624780301500103
https://doi.org/10.1016/j.ufug.2006.09.003
https://doi.org/10.1098/rspb.2013.3330
https://doi.org/10.1098/rspb.2013.3330
https://doi.org/10.1111/j.1365-2427.2009.02340.x
https://doi.org/10.1071/MF15330
https://doi.org/10.1071/MF15330
https://doi.org/10.1071/MF15330
https://doi.org/10.1071/MF15330
https://doi.org/10.1191/0309133302pp334ra
https://doi.org/10.1191/0309133302pp334ra
https://doi.org/10.1016/j.scitotenv.2016.07.204
https://doi.org/10.1002/joc.2246
https://doi.org/10.1002/joc.2246
https://doi.org/10.1016/S0006-3207(96)00056-0
https://doi.org/10.1016/S0006-3207(96)00056-0
https://doi.org/10.1016/j.landusepol.2016.10.010
https://doi.org/10.1080/14634980301475
https://doi.org/10.1017/S0376892902000085
https://doi.org/10.1046/j.1365-2427.1997.00143.x
https://doi.org/10.1046/j.1365-2427.1997.00143.x
https://doi.org/10.1016/j.landurbplan.2004.08.007
https://doi.org/10.1126/science.199.4335.1302
https://doi.org/10.1111/j.1365-2664.2008.01566.x
https://doi.org/10.1111/j.1365-2664.2008.01566.x
https://doi.org/10.1071/MF15108
https://doi.org/10.1071/MF15108
https://doi.org/10.1071/MF14173
https://doi.org/10.1071/MF14173
https://doi.org/10.1023/B:UECO.0000036269.56249.66
https://doi.org/10.1071/MF04077
https://doi.org/10.1071/MF04077
https://doi.org/10.1080/13880292.2011.626704
https://doi.org/10.1080/13880292.2011.626704
https://doi.org/10.3732/ajb.0800098
https://doi.org/10.3732/ajb.0800098
https://doi.org/10.4319/lo.1999.44.3_part_2.0864
https://doi.org/10.4319/lo.1999.44.3_part_2.0864
https://doi.org/10.1111/j.1600-0587.1998.tb00401.x
https://doi.org/10.1111/j.1600-0587.1998.tb00401.x
https://doi.org/10.1016/S0006-3207(00)00115-4
https://doi.org/10.1111/j.1365-2427.2009.02201.x
https://doi.org/10.1016/j.jue.2017.01.003
https://doi.org/10.1016/j.ecolecon.2016.04.002
https://doi.org/10.3354/meps11595
https://doi.org/10.1890/070147
https://doi.org/10.1890/070147
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0165
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0165
https://doi.org/10.1016/j.jhydrol.2004.07.020
https://doi.org/10.1111/j.1365-2427.2009.02368.x
https://doi.org/10.1111/j.1365-2427.2009.02368.x
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0180
https://doi.org/10.1139/z04-048
https://doi.org/10.1139/z04-048
https://doi.org/10.1016/j.scitotenv.2017.02.001
https://doi.org/10.1016/j.scitotenv.2017.02.001
https://doi.org/10.1111/gcb.13028
https://doi.org/10.1007/s00027-006-0851-4
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0205
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0205
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0205
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0210
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0210
https://doi.org/10.1046/j.1523-1739.1994.08030669.x
https://doi.org/10.1046/j.1523-1739.1994.08030669.x
https://doi.org/10.1111/j.1442-9993.2006.01581.x
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0225
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0225
https://doi.org/10.3390/urbansci1040035
https://doi.org/10.3390/urbansci1040035
https://doi.org/10.1046/j.1461-0248.2003.00483.x
https://doi.org/10.1046/j.1461-0248.2003.00483.x
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0240
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0240
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0240
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0240
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0245
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0245
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0245
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0250
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0250
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0250
https://doi.org/10.1046/j.1526-100x.2001.009003280.x
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0260
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0260
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0260
https://doi.org/10.1080/02626667.2015.1128084
https://doi.org/10.1080/02626667.2015.1128084
https://doi.org/10.1641/0006-3568(2002)052<0883:UBAC>2.0.CO;2
https://doi.org/10.1641/0006-3568(2002)052<0883:UBAC>2.0.CO;2
https://doi.org/10.1016/j.biocon.2005.09.005
https://doi.org/10.1007/s11252-007-0045-4
https://doi.org/10.1021/acs.est.5b03191
https://doi.org/10.1078/1438-4639-00223
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0295
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0295


752 W.A. Monk et al. / Science of the Total Environment 684 (2019) 741–752
Mount, J., Fogg, G.E., Kavvas, L., Fleckenstein, J., Anderson, M., Chen, Z.Q., Suzaki, E., 2001.
Linked Surface Water-Groundwater Model for the Cosumnes River Watershed: Hy-
drologic Evaluation of Management Options to Restore Fall Flows (Report to US
Fish and Wildlife Service from UC Davis Center for Watershed Sciences).

Muñoz, I., López-Doval, J.C., De Castro-Català, N., Kuzmanovic, M., Ginebreda, A., Sabater,
S., 2016. Effects of emerging contaminants on biodiversity, community structure, and
adaptation of river biota, in: Petrovic, M., Sabater, S., Elosegi, A., Barceló, D. (Eds.),
Emerging Contaminants in River Ecosystems: Occurrence and Effects Under Multiple
Stress Conditions. Springer, Switzerland, pp. 79–119.

Nakagawa, S., Santos, E.S.A., 2012. Methodological issues and advances in biological meta-
analysis. Evol. Ecol. 26, 1253–1274. https://doi.org/10.1007/s10682-012-9555-5.

Nehlsen, W., Williams, J., Lichatowich, J., 1991. Pacific salmon at the crossroads: stocks at
risk from California, Oregon, Idaho, and Washington. Fish. 16, 4–21. https://doi.org/
10.1577/1548-8446(1991)016b0004:PSATCSN2.0.CO;2.

Neupane, B., Richer, D., Bonner, A.J., Kibret, T., Beyene, J., 2014. Network meta-analysis
using R: a review of currently available automated packages. PLoS One 9, e115065.
https://doi.org/10.1371/journal.pone.0115065.

Niemelä, J., 1999. Ecology and urban planning. Biodivers. Conserv. 8, 119–131. https://doi.
org/10.1023/A:1008817325994.

Norris, R.H.,Webb, J.A., Nichols, S.J., Stewardson,M.J., Harrison, E.T., 2012. Analyzing cause
and effect in environmental assessments: using weighted evidence from the litera-
ture. Freshw. Sci. 31, 5–21. https://doi.org/10.1899/11-027.1.

O'Driscoll, M., Clinton, S., Jefferson, A., Manda, A., McMillan, S., 2010. Urbanization effects
on watershed hydrology and in-stream processes in the Southern United States.
Water 2, 605–648. https://doi.org/10.3390/w2030605.

Oke, T.R., 2004. Initial guidance to obtain representative meteorological observations at
urban sites. Instruments and Methods of Observation Program, IOM Report No. 81,
WMO/TD 1250. World Meteorological Organization, Geneva.

Ormerod, S.J., Dobson, M., Hildrew, A.G., Townsend, C., 2010. Multiple stressors in freshwa-
ter ecosystems. Freshw. Biol. 55, 1–4. https://doi.org/10.1111/j.1365-2427.2009.02395.
x.

Patenaude, T., Smith, A.C., Fahrig, L., 2015. Disentangling the effects of wetland cover and
urban development on quality of remaining wetlands. Urban Ecosyst. 18, 663–684.
https://doi.org/10.1007/s11252-015-0440-1.

Pauchard, A., Aguayo, M., Peña, E., Urrutia, R., 2006. Multiple effects of urbanization on the
biodiversity of developing countries: the case of a fast-growing metropolitcan area
(Concepiόn, Chile). Biol. Conserv. 127, 272–281. https://doi.org/10.1016/j.
biocon.2005.05.015.

Piggott, J.J., Townsend, C.R., Matthaei, C.D., 2015. Reconceptualizing synergism and antag-
onism among multiple stressors. Ecol. Evol. 5, 1538–1547. https://doi.org/10.1002/
ece3.1465.

Porter, E.E., Forschner, B.R., Blair, R.B., 2001. Woody vegetation and canopy fragmentation
along a forest-to-urban gradient. Urban Ecosys. 5, 131–151. https://doi.org/10.1023/
A:1022391721622.

R Core Team, 2018. R: a language and environment for statistical computing. R Founda-
tion for Statistical Computing, Vienna, Austria. Version 3.5.1. URL http://www.R-pro-
ject.org/.

Rebele, F., 1994. Urban ecology and special features of urban ecosystems. Global Ecol.
Biogeogr. Lett. 4, 173–187. https://doi.org/10.2307/2997649.

Reinelt, L., Horner, R., Azous, A., 1998. Impacts of urbanization on palustrine (depressional
freshwater) wetlands – research and management in the Puget Sound region. Urban
Ecosyst. 2, 219–236.

Riley, R.D., Higgins, J.P., Deeks, J.J., 2011. Interpretation of random effects meta-analyses.
Brit. Med. J. 342, 964–967. https://doi.org/10.1136/bmj.d549.

Ripple, W.J., Wolf, C., Newsome, T.M., Galetti, M., Alamgir, M., Crist, E., et al., 2017. World
scientists' warning to humanity: a second notice. Biosci. 67, 1026–1028. https://doi.
org/10.1093/biosci/bix125.

Rose, S., Peters, N.E., 2001. Effects of urbanization on streamflow in the Atlanta area
(Georgia, USA): a comparative hydrological approach. Hydrol. Process. 15,
1441–1457. https://doi.org/10.1002/hyp.218.

Rosenthal, R., 1979. The file drawer problem and tolerance for null results. Psychol. Bull.
86, 638–641. https://doi.org/10.1037/0033-2909.86.3.638.

Roy, A.H., Capps, K.A., El-Sabaawi, R.W., Jones, K.L., Parr, T.B., Ramírez, A., et al., 2016. Ur-
banization and stream ecology: diverse mechanisms of change. Freshw. Sci. 35,
272–277. https://doi.org/10.1086/685097.

Rűcker, G., Schwarzer, G., Krahn, U., Kőnig, J., 2018. Netmeta – network meta-analysis
using frequentist methods. R package version 0.9–8.

Savard, J.P.L., Clergeau, P., Mennechez, G., 2000. Biodiversity concepts and urban ecosys-
tems. Landsc. Urban Plan. 48, 131–142. https://doi.org/10.1016/S0169-2046(00)
00037-2.

Schuler, M.S., Relyea, R.A., 2018. A review of the combined threats of road salts and heavy
metals to freshwater systems. BioSci. 68, 327–335. https://doi.org/10.1093/biosci/
biy018.
Schwarzer, G., 2018. Meta: General Package for Meta-analysis. Version 4.9–2.
Schwarzer, G., Carpenter, J.R., Rücker, G., 2015. Meta-analysis with R. Springer, New York,

p. 256 https://doi.org/10.1007/978-3-319-21416-0.
Sickman, J.O., Zanoli, M.J., Mann, H.L., 2007. Effects of urbanization on organic carbon

loads in the Sacramento River. California. Water Resour. Res. 43, W11422. https://
doi.org/10.1029/2007WR005954.

Singh, S., 2017. How to conduct and interpret systematic reviews andmeta-analyses. Clin.
Transl. Gastroenterol. 8, e93. https://doi.org/10.1038/ctg.2017.20.

Smeets, E., Weterings, R., 1999. Environmental indicators: typology and overview. Tech-
nical Report No. 25. Eur. Environ. Agency. pp. 19.

Society of Wetland Scientists, 2008. Cuiabá wetlands declaration. Wetl. Sci. Pract. 25,
20–23.

Sonneman, J.A., Walsh, C.J., Breen, P.F., Sharpe, A.K., 2001. Effects of urbanization on
streams of the Melbourne region, Victoria, Australia. II. Benthic diatom communities.
Freshw. Biol. 46, 553–565. https://doi.org/10.1046/j.1365-2427.2001.00689.x.

Steffen, W., Broadgate, W., Deutsch, L., Gaffney, O., Ludwig, C., 2015. The trajectory of the
Anthropocene: the great acceleration. Anthropocene Rev. 2, 81–98. https://doi.org/
10.1177/2053019614564785.

Steffen, W., Rockström, J., Richardson, K., Lenton, T.M., Folke, C., Liverman, D., et al., 2018.
Trajectories of the earth system in the Anthropocene. Proc. Nat. Acad. Sci. 115,
8252–8259. https://doi.org/10.1073/pnas.1810141115.

Stephens, C., Akerman, M., Avle, S., Maia, P.B., Campanario, P., Doe, B., Tetteh, D., 1997.
Urban equity and urban health: using existing data to understand inequalities in
health and environment in Accra, Ghana and Sao Paulo, Brazil. Environ. Urban. 9,
181–202. https://doi.org/10.1177/095624789700900115.

Strokal, M., Kroeze, C., Franssen, W.H.P., Hofstra, N., Koelmans, A.A., Siegfried, M., Spanier,
E., van Vlier, M., vanWijnen, J., Vermeulen, L.C., 2018. Fast increases in river pollution
from sewage: a global trend. Geophys. Res. Abstr. 20, 1.

Tait, C.J., Daniels, C.B., Hill, R.S., 2005. Changes in species assemblages within the Adelaide
Metropolitan Area, Australia, 1836–2002. Ecol. Appl. 15, 346–359. https://doi.org/
10.1890/04-0920.

Tockner, K., Pusch, M., Borchardt, D., Lorang, M.S., 2010. Multiple stressors in coupled
river-floodplain ecosystems. Freshw. Biol. 55, 135–151. https://doi.org/10.1111/
j.1365-2427.2009.02371.x.

Tockner, K., Stanford, J., 2002. Riverine flood plains: present state and future trends. Envi-
ron. Conserv. 25, 308–330. https://doi.org/10.1017/S037689290200022X.

Townsend, C.R., Uhlmann, S.S., Matthaei, C.D., 2008. Individual and combined responses
of stream ecosystems to multiple stressors. J. Appl. Ecol. 45, 1810–1819. https://doi.
org/10.1111/j.1365-2664.2008.01548.x.

Turyahabwe, N., Tumusiime, D.M., Yikii, F., Kakuru, W., Barugahare, V., 2017. Awareness,
perceptions and implementation of policy and legal provisions on wetlands in
Uganda. African J. Rural Devel. 2, 161–174.

United Nations, 2018. World Urbanization Prospects: The 2018 Revision. Department of
Economic and Social Affairs. Population Division, New York.

Van den Brink, P., Bracewell, S.A., Bush, A., Chariton, A., Choung, C.B., Compson, Z.G., et al.,
2019 (submitted, this volume). Towards a general framework for the assessment of
interactive effects of multiple stressors on aquatic ecosystems: results from the Mak-
ing Aquatic Ecosystems Great Again (MAEGA) workshop. Sci. Total Environ.

Van den Brink, P.J., Choung, C.B., Landis, W., Mayer-Pinto, M., Pettigrove, V., Scanes, P., et
al., 2016. New approaches to the ecological risk assessment of multiple stressors. Ma-
rine and Freshw. Res. 67, 429–439. https://doi.org/10.1071/MF15111.

Vander Vorste, R., Mermillod-Blondin, F., Hervant, F., Mons, R., Forcellini, M., Datry, T.,
2016b. Increased depth to thewater table during river drying decreases the resilience
of Gammarus pulex and alters ecosystem function. Ecohydrol. 9, 1177–1186. https://
doi.org/10.1002/eco.1716.

Vander Vorste, R.V., Corti, R., Sagouis, A., Datry, T., 2016a. Invertebrate communities in
gravel-bed, braided rivers are highly resilient to flow intermittence. Freshw. Sci. 35,
164–177. https://doi.org/10.1086/683274.

Viechtbauer, W., 2010. Conducting meta-analyses in R with the metafor package. J. Stat.
Softw. 36, 1–48. https://doi.org/10.18637/jss.v036.i03.

Viechtbauer, W., 2017. Metaphor – meta-analysis package for R. Version 2.0–0.
Zerbe, S., Schmitz, S., Sukopp, H., 2003. Biodiversity in Berlin and its potential for nature

conservation. Landscape Urban Plan. 62, 139–148. https://doi.org/10.1016/S0169-
2046(02)00145-7.

Zhang,W., Jiang, J., Zhu, Y., 2015. Change in urbanwetlands and their cold island effects in
response to rapid urbanization. Chinese Geog. Sci. 25, 462–471. https://doi.org/
10.1007/s11769-015-0764-z.

Zhang,W., Zhu, Y., Jiang, J., 2016. Effect of the urbanization of wetlands onmicroclimate: a
case study of Xixi wetland, Hangzhou, China. Sustainability 8, 885. https://doi.org/
10.3390/su8090885.

http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0300
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0300
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0300
https://doi.org/10.1007/s10682-012-9555-5
https://doi.org/10.1577/1548-8446(1991)016&lt;0004:PSATCS&gt/;2.0.CO;2
https://doi.org/10.1577/1548-8446(1991)016&lt;0004:PSATCS&gt/;2.0.CO;2
https://doi.org/10.1577/1548-8446(1991)016&lt;0004:PSATCS&gt/;2.0.CO;2
https://doi.org/10.1577/1548-8446(1991)016&lt;0004:PSATCS&gt/;2.0.CO;2
https://doi.org/10.1371/journal.pone.0115065
https://doi.org/10.1023/A:1008817325994
https://doi.org/10.1023/A:1008817325994
https://doi.org/10.1899/11-027.1
https://doi.org/10.3390/w2030605
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0335
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0335
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0335
https://doi.org/10.1111/j.1365-2427.2009.02395.x
https://doi.org/10.1111/j.1365-2427.2009.02395.x
https://doi.org/10.1007/s11252-015-0440-1
https://doi.org/10.1016/j.biocon.2005.05.015
https://doi.org/10.1016/j.biocon.2005.05.015
https://doi.org/10.1002/ece3.1465
https://doi.org/10.1002/ece3.1465
https://doi.org/10.1023/A:1022391721622
https://doi.org/10.1023/A:1022391721622
http://www.R-project.org/
http://www.R-project.org/
https://doi.org/10.2307/2997649
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0370
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0370
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0370
https://doi.org/10.1136/bmj.d549
https://doi.org/10.1093/biosci/bix125
https://doi.org/10.1093/biosci/bix125
https://doi.org/10.1002/hyp.218
https://doi.org/10.1037/0033-2909.86.3.638
https://doi.org/10.1086/685097
https://doi.org/10.1016/S0169-2046(00)00037-2
https://doi.org/10.1016/S0169-2046(00)00037-2
https://doi.org/10.1093/biosci/biy018
https://doi.org/10.1093/biosci/biy018
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0410
https://doi.org/10.1007/978-3-319-21416-0
https://doi.org/10.1029/2007WR005954
https://doi.org/10.1029/2007WR005954
https://doi.org/10.1038/ctg.2017.20
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0430
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0430
https://doi.org/10.1046/j.1365-2427.2001.00689.x
https://doi.org/10.1177/2053019614564785
https://doi.org/10.1177/2053019614564785
https://doi.org/10.1073/pnas.1810141115
https://doi.org/10.1177/095624789700900115
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0455
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0455
https://doi.org/10.1890/04-0920
https://doi.org/10.1890/04-0920
https://doi.org/10.1111/j.1365-2427.2009.02371.x
https://doi.org/10.1111/j.1365-2427.2009.02371.x
https://doi.org/10.1017/S037689290200022X
https://doi.org/10.1111/j.1365-2664.2008.01548.x
https://doi.org/10.1111/j.1365-2664.2008.01548.x
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0475
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0475
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0475
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0480
http://refhub.elsevier.com/S0048-9697(19)30751-X/rf0480
https://doi.org/10.1071/MF15111
https://doi.org/10.1002/eco.1716
https://doi.org/10.1002/eco.1716
https://doi.org/10.1086/683274
https://doi.org/10.18637/jss.v036.i03
https://doi.org/10.1016/S0169-2046(02)00145-7
https://doi.org/10.1016/S0169-2046(02)00145-7
https://doi.org/10.1007/s11769-015-0764-z
https://doi.org/10.1007/s11769-015-0764-z
https://doi.org/10.3390/su8090885
https://doi.org/10.3390/su8090885

	Urbanisation of floodplain ecosystems: Weight-�of-�evidence and network meta-�analysis elucidate multiple stressor pathways
	1. Introduction
	2. Methods
	2.1. Meta-analysis framework
	2.2. Standardised literature review
	2.3. Identified nodes
	2.4. Weight-of-evidence analysis
	2.5. Quantitative meta-analysis

	3. Results
	3.1. Pressure, stressor and receptor nodes
	3.2. Weight-of-evidence approach
	3.3. Quantitative network meta-analysis

	4. Discussion
	4.1. Response complexity of biodiversity and ecosystem function to urbanisation
	4.2. Information gaps, limitations of multiple-stressor studies, and areas in need of research focus
	4.3. Importance of multiple stressor approaches to understand ecosystem complexity in a changing world

	Acknowledgements
	References


